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resumo 
 
 
Apesar do recente aumento no número de estudos, os lagartos persistem 
como um dos grupos menos estudados em ecotoxicologia e o 
desconhecimento em relação à sua resposta à contaminação ambiental é 
enorme. A nível europeu, os lacertídeos têm sido identificados como potenciais 
espécies modelo para a ecotoxicologia com répteis. O principal objectivo deste 
projecto era determinar se um lacertídeo abundante pertencente ao género 
Podarcis, podia ser utilizado como bioindicador de exposição e toxicidade em 
zonas agrícolas. Para atingir este objectivo, utilizámos uma estratégia 
integrada com três fases. Numa primeira fase realizou-se um estudo de campo 
para documentar o tipo de exposição e parâmetros populacionais de 
populações de lacertídeos que ocorrem em zonas de uso intenso de pesticidas 
e zonas de agricultura orgânica. A segunda fase consistiu num estudo de 
mesocosmo em que se expuseram juvenis a um conjunto de pesticidas em 
condições controladas durante um período de um ano. Finalmente, a terceira 
fase incluiu um estudo laboratorial sobre os efeitos do clorpirifos, um dos 
insecticidas mais utilizado a nível global, em lagartixas. No término de cada um 
dos estudos, analisaram-se diversos biomarcadores e parâmetros de 
exposição e toxicidade a pesticidas nos diferentes indivíduos. Este conjunto 
abrangente de parâmetros foi analisado em diferentes níveis de organização 
biológica, incluindo parâmetros populacionais, bem como comportamentais, 
fisiológicos, bioquímicos e histológicos. Em geral, detectaram-se poucas 
diferenças estatísticas significativas entre as populações dos campos expostos 
a pesticidas e populações referência. Confirmando a dificuldade que existe em 
isolar os efeitos de diferentes contaminantes sobre as populações de outros 
factores locais, ciclos sazonais ou eventos estocásticos. As populações de P. 
bocagei parecem ser capazes de lidar com o nível observado de exposição a 
pesticidas. No entanto, indivíduos que vivem em locais expostos a pesticidas 
parecem estar menos adaptados ecologicamente do que aqueles que vivem 
em locais referência, apresentando um estado de depleção nutricional e sinais 
de stress metabólico. Os resultados obtidos com os animais da experiência de 
mesocosmo parecem reforçar estes resultados. Os animais prosperaram 
relativamente bem em todos os mesocosmos, independentemente do 
tratamento ou não com pesticidas, apresentando uma ampla gama de 
comportamentos naturais. A abordagem laboratorial confirmou P. bocagei 
como um valioso indicador de exposição sub-letal a doses ambientalmente 
realistas de clorpirifos. De acordo, com o conjunto d resultados obtidos, P. 
bocagei parece ser um bioindicador adequado de exposição a pesticidas.  
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abstract 
 
 
Lizards are among the least studied groups in ecotoxicology and despite a 
recent increase in the number of studies, there is still a lack of knowledge 
regarding their response to environmental contamination. In Europe, lacertid 
lizards have been identified as potential model species for reptile ecotoxicology. 
The main question of this project was to assess if a highly abundant lacertid 
lizard belonging to the genus Podarcis, could be used as a bioindicator of 
pesticide exposure and toxicity in agricultural areas. To achieve this end, we 
used a three-stage tiered approach. The first tier took the form of a field survey 
to document the nature of the exposure and the population parameters of 
lacertids occurring in areas of intensive pesticide usage as well as areas of 
negligible pesticide usage. The second tier consisted of a mesocosm study in 
which naïve lizards were exposed to pesticides in a controlled experiment. 
Finally, the third tier included a laboratory approach to the effects of one of the 
most common insecticides used worldwide, chlorpyrifos. We assessed 
pesticide impact in individuals from the different tiers using a comprehensive 
set of biomarkers applied at different levels of biological organization, including 
population parameters as well as behavioral, physiological, biochemical and 
histological biomarkers. We detected few statistically significant differences 
between reference and exposed populations in the field study. Confirming the 
difficulty to isolate the effects of contaminants on natural populations where 
other local factors, natural cycles or stochastic events occur. P. bocagei 
populations seem to be able to compensate with the observed level of pesticide 
exposure. Nevertheless, individuals living in exposed sites seem to be less 
ecologically fit than those living in reference sites, presenting a depleted 
nutritional status and signs of metabolic stress. The results from the mesocosm 
setting reinforce these results. Lizards prospered relatively well in all 
enclosures, treated or not with pesticides, presenting a broad range of natural 
behaviors. The laboratory approach confirmed P. bocagei as valuable indicator 
of sub-lethal exposure to environmental realistic doses of chlorpyrifos. 
According to our results, P. bocagei seems to be a suitable bioindicator of 
pesticide exposure. 
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resumen 
 
Los saurios se encuentran entre los grupos de vertebrados menos estudiados 
en ecotoxicología. Pese al reciente incremento en el número de estudios, 
todavía existe una considerable falta de conocimiento sobre su respuesta a la 
contaminación ambiental. En Europa, los lacértidos han sido identificados 
como potenciales organismos modelo en ecotoxicología de reptiles. El principal 
objectivo de este estudio era evaluar si un lacértido altamente abundante 
perteneciente al género Podarcis, podría ser utilizado como un bioindicador de 
la exposición a pesticidas y toxicidad en zonas agrícolas. Para alcanzar este 
objetivo, hemos realizado un estudio a tres niveles. El primer nivel tomó la 
forma de un estudio de campo que documentó la naturaleza de la exposición y 
los parámetros poblacionales de lacértidos que vivían en áreas sometidas al 
uso intensivo de plaguicidas, así como en áreas donde este uso era 
insignificante. El segundo nivel consistió en un estudio en mesocosmos en el 
que animales de una localidad de referencia fueron expuestos a pesticidas en 
un experimento controlado. Finalmente, el tercer nivel adoptó un enfoque de 
laboratorio para determinar los efectos del clorpirifos, uno de los insecitidas 
más utilizados en todo el mundo. En los tres niveles se evaluó el impacto de 
pesticidas utilizando un amplio conjunto de marcadores biológicos a distintos 
niveles de organización biológica, incluyendo parámetros poblacionales, así 
como comportamentales, fisiológicos, bioquímicos e histológicos. Se 
detectaron pocas diferencias estadísticamente significativas entre las 
poblaciones referencia y expuestas a pesticidas en el estudio de campo, 
confirmandose la dificultad de aislar los efectos de los contaminantes sobre las 
poblaciones naturales, donde actúan otros factores locales, ciclos naturales o 
eventos estocásticos. Las poblaciones de P. bocagei parecen ser capaces de 
compensar con el nivel observado de exposición a pesticidas. Sin embargo, los 
animales que viven en lugares expuestos parecen ser ecológicamente menos 
aptos que los que viven en las localidades de referencia, presentando un 
estado de agotamiento nutricional y señales de estrés metabólico. Los 
resultados del estudio de mesocosmos parecen reforzar estos resultados 
obtenidos en el campo. Las lagartijas prosperan relativamente bien en todos 
los mesocosmos, tratados o no con pesticidas, presentado una amplia gama 
de comportamientos naturales. Finalmente, el estudio de laboratorio, confirmó 
a P. bocagei como un valioso indicador de exposición sub-letal a dosis 
ambientales realistas de clorpirifos. Concluyendo, esta especie parece ser un 
bioindicador adecuado de exposición a pesticidas. 
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General Introduction 
In the last International Union for Conservation of Nature (IUCN) evaluation, 30% 
of the assessed reptiles were listed as Critically Endangered (CR), Endangered (EN) or 
Vulnerable (VU) (IUCN, 2010). This number might be underestimated, as only less than 
20% of the known reptile species were evaluated. Decline in reptile populations is not 
easy to establish as it can be masked by natural fluctuations in abundance or by 
stochastic patterns of activity (Gibbons et al., 2000). Several causes have been 
associated with reptile declines worldwide, including habitat loss and degradation, 
introduced invasive species, environmental pollution, disease and parasitism, 
unsustainable use and global climate change (Todd et al., 2010). Reptile populations have 
been further indicated as one of the most vulnerable groups to environmental 
contamination based on their potential exposure, sensitivity to pollutants and capacity for 
recovery (Lange et al., 2009). 
Reptiles have been affected by environmental contaminants either as the target of 
exposure, or more commonly as non-target organisms, living in the vicinity of areas where 
contamination is present (Hall, 1980; Avery et al., 1983; Sánchez-Bayo, 2011). The first 
case can be exemplified by the studies of Brooks et al. (1998a; 1998b) on the toxicity and 
efficiency of different insecticides to control the brown tree snake, an invasive snake 
species in the island of Guam. As non-target organisms, reptiles can be indirectly affected 
as a consequence of alterations in food availability or plant cover (Moreby and Southway, 
1999; Sánchez-Bayo, 2011) or through direct exposure via different routes, including:  (a) 
dermal exposure; (b) inhalation; (c) ingestion of contaminated food; (d) accidental or 
deliberate ingestion of soil; (e) absorption by eggs of contaminants from surrounding 
environments; (f) maternal transfer to eggs or young (e.g. Hudson, 1996; Lambert, 1997; 
Russell et al., 1999; Nagle et al., 2001; Cañas and Anderson, 2002; Hui, 2004; 
Rauschenberger et al., 2004; Roe et al., 2004; de Solla et al., 2006; Rich and Talent, 
2009; Weir et al., 2010).  
The effects of environmental pollutants in reptiles have been poorly studied. In 
1980, after almost 40 years of study, Hall concluded there were still no indications on how 
reptiles were being affected by contaminants (Hall, 1980). In addition, at that time, the 
majority of the existent studies focused on determining residues of contaminants in tissues 
or individuals (e.g. Bauerle et al., 1975; Avery et al., 1983; Stoneburner and Kushlan, 
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1984) without giving any biological significance to the observed residues and potential risk 
effects for populations (Hall, 1980). A decade later Hall and Henry (1992) concluded that 
“far too little was known to safely conclude that guidelines based on tests conducted with 
other vertebrate taxa offered adequate protection for reptiles”. In recent years, successive 
pleas have stressed the need to include reptiles in ecotoxicological studies and 
environmental risk assessments (ERAʼs), considering that even basic toxicological 
concerns have never been critically addressed in reptiles (Campbell and Campbell, 2000; 
Hopkins, 2000; Sparling et al., 2010; Weir et al., 2010). Nevertheless, reptiles remain one 
the least studied vertebrate groups in ecotoxicology, representing less than 1% of the 
publications in the field of vertebrate ecotoxicology (Sparling et al., 2010). In addition, the 
majority of studies has focused on only two species: the American alligator (Alligator 
mississippiensis) and snapping turtles (Chelydra serpentina) (Hopkins, 2000; Sparling et 
al., 2010), neither of which can be considered representative species of the world reptile 
fauna. Finally, most studies that have focused on the much more diverse, widespread and 
abundant squamates, have concentrated almost exclusively on tissue residues (Hopkins, 
2000; Campbell and Campbell, 2002). 
Reptiles have generally been under-represented in ecotoxicological studies 
because of a complexity of issues. Two of the most relevant are the non-existence of 
testing guidelines for reptiles and the lack of appropriate model species (Hopkins, 2000). 
Guidelines are agreed internationally test methods (for example, by OECD – Organization 
of Economic Co-operation and Development and/or EPA - U. S. Environmental Protection 
Agency) used by researchers, companies and governments to determine the safety of 
chemicals. Guidelines cover a range of tests, including environmental effects. 
Environmental guidelines have been developed for a variety of organisms (e.g. 
earthworms, algae, fish, birds and amphibians) and are usually validated for a set of 
model species. In the case of reptiles, no guidelines were ever developed. Moreover, the 
diversity of life histories and ecological requirements within the group further complicates 
the task of choosing a reduced set of model species. Reptiles can inhabit terrestrial, 
freshwater and marine environments and include animals as diverse as turtles, lizards, 
snakes and crocodiles (Pough et al., 1998). It can be expected, for example, that a lizard 
will respond in different ways of a crocodile to contaminant exposure. Furthermore, many 
species are incompatible with laboratory studies because of their size, life span or rates of 
maturity. The American Chemistry Council recognized the need for a reptile model 
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species which could be used under laboratory conditions and Talent et. al. (2002) 
proposed the western fence lizard, Sceloporus occidentalis, as a probable candidate. The 
species has since been used in a series of studies (McFarland et al., 2008; Suski et al., 
2008) but has not been “officially” recognized as an ecotoxicological model. At European 
level, studies in reptile ecotoxicology have generally been more scattered and several 
species have been used without any general recommendation (e.g. Loumbourdis, 1997; 
Sanchez-Hernandez et al., 1997a; Santos et al., 1999; Cardone et al., 2008). The lack of 
guidelines and reptile model species has resulted in a paucity of toxicity data (Meyers-
Schone, 2000), which, ultimately, have discouraged researchers from embarking on this 
field of work. 
Despite these limiting factors, reptiles present a range of biological attributes that 
make them ideal bio-monitors for environmental contamination: 
• They have a wide geographic distribution, being ubiquitous in diverse habitats 
around the world (Pough et al., 1998).  
• They are usually generalist predators or scavengers, which occupy intermediate to 
high positions in food chains, and therefore are likely to biomagnify contaminants 
via trophic mechanisms (Hopkins et al., 1999; Hopkins, 2000).  
• Being ectotherms, they have lower metabolic rates and less developed enzymatic 
systems that can interfere with their ability to detoxify contaminants and increase 
bioaccumulation (Bennett, 1972; Hall, 1980; Walker and Ronis, 1989; Lambert, 
2005).  
• Most species are quite sedentary (except sea turtles), with small home ranges and 
limited dispersal abilities and can potentially be representatives of local exposure 
(Hopkins, 2000; Shelby and Mendonca, 2001). Moreover, their low dispersal 
abilities can impede organisms from moving away from a contaminated habitat 
and impair recovery through immigration from other nearby non-contaminated 
areas (Hopkins, 2000; Lange et al., 2009).  
• Compared to other vertebrates, reptiles usually have higher population densities, 
are conspicuous and are easy to capture, mark and recapture under field 
conditions (Lambert, 2005).  
!!
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• Smaller species that reach sexual maturity quickly are easy to maintain and breed 
in captivity (Hopkins, 2000; Talent et al., 2002).  
• Long-lived species might be more vulnerable because of their longevity and 
extended exposure to contaminants or their ability to recover (Hopkins, 2000).  
Classical approaches in reptile ecotoxicology have focused on the study of 
contaminant levels either in individuals or tissues. Studies on contaminant levels are 
informative with respect to those specific chemicals, but fail to capture information 
regarding risk of exposure in a certain environment and do not give us indication of the 
effects of contaminants in reptiles (Hopkins, 2000; Todd et al., 2010). These measured 
concentrations are not constant in any given moment and do not reflect the bioavailability 
of contaminants or take into account bioaccumulation processes. As a consequence, over 
the last decade, the goal of the majority of the studies changed and has focused more in 
assessing effects on reptiles (Sparling et al., 2010). Recent studies have usually used a 
more integrated approach (Figure 1), trying to establish a relationship between external 
levels of exposure, accumulation in tissues and biological effects on individuals (Hopkins, 
2006; Mann et al., 2007). 
!
Figure 1 Traditional approach of reptile ecotoxicological studies as opposed to a more integrated 
approach providing a link between environmental concentrations, exposure and accumulation and 
effects on different biological levels (adapted from van der Oost et al., 2003; Hopkins, 2006). 
The most extreme effect a contaminant can have on individuals is mortality. 
However, mortality in natural populations is not commonly observed. Sub-lethal and 
chronic effects are more common and can also be detrimental to the persistence of reptile 
populations. Sub-lethal effects can be observed at different levels of biological 
organization, from the ecosystem to molecular levels (Figure 2). Ecotoxicology, as an 
interdisciplinary discipline, should aim to bring together ecology and toxicology and study 
the impact of contaminants at organizational levels above the individual, including 
populations, communities and ecosystems. Nevertheless, relating contaminant exposure 
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with effects at higher levels or organization is usually difficult. Moreover, hardly any of the 
parameters of exposure and effects identified in wildlife ecotoxicology have been applied 
reliably to document reptile population declines and/or alterations of community 
composition (Hopkins, 2000; Rattner, 2009). For example, Lambert (1993) reported 
differences in frequency and sighting rates for reptile communities in two habitats treated 
and untreated with DDT. While, at the population level, sub-lethal exposure to 
contaminants caused modifications in reproductive parameters and subsequently altered 
population dynamics in turtles (Shelby and Mendonca, 2001) and alligators (Guillette Jr. et 
al., 1994). Willemsen and Hailey (2001) described reduced survival among Greek land 
tortoises, in particular among juveniles, after exposure to phenoxyacetic acid herbicides. 
In general, influence at these higher levels of organization will be subtle and act in 
conjunction with other biotic and abiotic factors like disease, predation, competition, food 
availability, climatic conditions and habitat quality (Banks and Stark, 1998; Meyers-
Schone, 2000). 
!
Figure 2 Diagram of the hierarchical relationship between ecotoxicological responses measured at 
different levels of biological relationship organization (adapted from De Coen et al., 2000). 
At and below the individual level, biomarkers have been proposed as a method to 
detect sub-lethal effects of contaminants, reflecting the health status of ecosystems, 
populations or individuals. Biomarkers were defined by Peakall (1994) as “a biological 
response to a chemical or chemicals that gives a measure of exposure and sometimes, 
also, of toxic effect”. The advantage biomarkers can yield, is the detection of deleterious 
effects before populations or communities are completely affected, thus acting as early 
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warning signals. Therefore, a valuable biomarker response is one that can be linked with 
effects on life-history characteristics, like reproduction or survival (Depledge and Fossi, 
1994). Mitchelmore et al. (2006) reviewed several biomarkers that have been used or can 
potentially be used to assess contaminant exposure in reptiles. Most of them were in fact 
adapted from other vertebrate groups or from other areas of herpetology. In the following 
section of the introduction, different population parameters and biomarker approaches that 
were used in this project will be discussed. 
Population level responses 
Demographic traits like population size, density, age distribution and sex-ratio are 
fundamental properties of a population that can be used to assess its ecological health or 
status (Bertolero and Oro, 2009). These characteristics are the result of evolutionary and 
current environmental and physiological factors. Variations in these traits can be 
explained by habitat quality and be influenced by contaminant exposure. Mortality events 
and population declines can be concealed for many reptile species because of their 
cryptic behaviors and low activity levels. Therefore, measures of reptile abundance or 
density should take into account factors that can influence their activity or detectability, like 
season, daily timing, environmental conditions or food availability. For example, a study 
that examined the population effects of spraying deltamethrin, found minimal effects in a 
population of common sinks (Lambert, 1994). In contrast, the relative abundances of two 
species of lizard (Meroles suborbitalis and Pedioplanis namaquensis) decreased one and 
four weeks (respectively) after the spraying of deltamethrin, but returned to pre-treatment 
levels after 18 weeks (Alexander et al., 2002). 
The age structure of a population has also been proposed as useful parameter to 
assess effects on populations, but has never been applied in studies with reptiles. In the 
study by Alexander et al. (2002), the authors referred that the recovery of the population 
occurred through immigration of juveniles from nearby areas, which would inevitably 
change population age structure and potentially affect its dynamic. An altered age 
structure, assessed through skeletochronology, was described in amphibians living near 
agricultural areas (Spear et al., 2009). Populations in the intensive agricultural site were 
generally younger than those in reference sites and the authors advanced several 
possible explanations including reduced survival among adult frogs; higher dispersal away 
from contamination of larger/older adult male bullfrogs; decreased growth rate of adult 
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males; unstable population maintenance by smaller/younger males or genetic differences 
between this site and the others (Spear et al., 2009). Another parameter that can influence 
population dynamic is sex-ratio. Animal populations usually have a 1:1 sex-ratio but this 
has been shown to vary in several studies (reviewed in Charnov, 1982). Higher mortality 
rates among one sex or differential sensitivities to contaminants can ultimately influence 
reproductive success of the entire population. 
Organism level responses 
Fluctuating asymmetry (FA) can provide a valuable indication of development 
stability, and on how populations respond to environmental and genetic stress including 
inbreeding depression, incubation problems, environmental pollution, poor diet or disease 
(reviewed in Palmer and Strobeck, 1986; and Leary and Allendorf, 1989). Nevertheless, 
an intense debate on the usefulness of FA to monitor population stress has been ongoing 
in the past years (van Dongen, 2006). Individuals that could cope with these stresses 
would have a selective advantage (Lens et al., 1999). While, stressed individuals would 
have lower developmental stability and higher FA levels. Fluctuating asymmetry can be 
measured through deviations in symmetry of bilateral traits – meristic or metric (Palmer 
and Strobeck, 1986). In lizards, studies of FA have evaluated the variation in number of 
different traits, including for example, head scales (Tull and Brussard, 2007). To our 
knowledge only one study assessed the effects of metal exposure from mining activities in 
femoral pores FA of Psammodromus algirus, finding no effects (Márquez-Ferrando, 2008). 
Nonetheless, because FA in femoral pores is a non-invasive technique, easy to measure 
under different conditions and is a trait that becomes fixed during early development, thus 
not sensitive to age or size (Carretero, 2001), its utility as a biomarker for pesticide 
exposure and effect. 
In order to confidently detect population declines caused by contaminant exposure, 
long-term studies are required. Unfortunately, such studies are usually strenuous, time 
consuming and expensive. The necessity to detect environmental changes before 
populations or ecosystems are strongly affected has led to the development of biomarkers 
at the individual or sub-individual. These might be used as predictive tools that can be 
correlated with parameters at higher levels of organization. Effects at the individual or sub-
individual level are easier to detect and can potentially result in changes at population 
parameters. Furthermore, because responses at lower levels of organization may be 
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similar in a large variety of organisms, they have the potential to be more universal (van 
der Oost et al., 2003). 
Morphological parameters have been used in ecological field research to 
determine the general health of animals. The sensitivity of these parameters is 
questionable because they can be affected by natural factors, including nutritional status, 
season, or age of the individuals. Nevertheless, they are easy to record and can provide 
some initial screening information. Variations in body size of individuals in a population 
might be attributed to disparities at birth and/or in subsequent growth-rates, and to genetic 
or environmental effects. Positive growth rates can be interpreted as sign of individual 
health, as only individuals that are able to fulfill their maintenance requirements can spend 
energy in production processes like growth (Schulte-Hostedde et al., 2005; Mitchelmore et 
al., 2006). The effects of pesticides on lizard growth have received little attention. For 
example, repeated exposure to malathion had no direct effects on growth of 
S. occidentalis (Holem et al., 2008). From a field study perspective, different morphometric 
parameters between populations might indicate differential growth rates between the 
populations, lack of survival of older/larger individuals or movement of those individuals to 
other areas. Ultimately, reduced body size and growth rates can be indicative of a decline 
in ecological fitness, which can influence population dynamics (Schulte-Hostedde et al., 
2005). Likewise, condition indices have been related with a good individual physiological 
status and general health. Body condition indices have been commonly used in studies of 
reproductive success, immune response, and stress (Jakob et al., 1996; Stevenson and 
Woods, 2006). Individuals with high body condition indices, such as those exhibiting 
positive growth, are expected to be in positive energetic balance. Few ecotoxicological 
studies have looked at condition indices in reptiles no changes were detected as a 
consequence of exposure to contaminants (Overmann and Krajicek, 1995; Hopkins et al., 
2002; Mann et al., 2007; Marsili et al., 2009). Nonetheless, McFarland et al. (2008; 2011a) 
and Suski (2008) noticed body and organs mass alterations in S. occidentalis exposed to 
trinitrotoluene or its metabolites. In other vertebrates, enlarged livers and altered body 
conditions have been found in animals living in agricultural areas or exposed to 
contaminants (Murphy et al., 2006; Yi et al., 2007). 
Behavioral changes can reflect different physiological processes occurring at the 
sub-individual level and can influence reproduction and survival, therefore having an 
impact on populations (Burger, 2006). Few studies have used reptile behaviors as 
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biomarkers of contaminant exposure. Burger (2006) reviewed several possible 
biomarkers, including feeding, habitat selection, basking, thermoregulation, antipredatory 
or locomotion behaviors. Assessing differences in these kinds of behaviors is likely to be 
particularly informative if the mode of action of a contaminant is through the nervous 
system. 
Probably the best-studied behaviors in reptiles after contaminant exposure are 
those related with locomotor performances. These follow the successful establishment of 
swimming performance as a biomarker of contaminant exposure in fish and amphibians 
(Bridges, 1997; Vieira et al., 2009). Locomotor performance can be important for prey 
capture, predator avoidance and mate selection. Therefore, any agent that affects 
locomotor performance will likely interfere with energy acquisition, survival and 
reproduction (reviewed in Vanhooydonck and Van Damme, 2003; Hopkins and Winne, 
2006). Exposure to arsenic during egg incubation reduced running speed in lacertid 
hatchlings (Marco et al., 2004b). Whereas, acute exposure to carbaryl (an 
acetylcholinesterase inhibitor) influenced swimming in natracine snakes (Hopkins and 
Winne, 2006) and terrestrial and arboreal performance in S. occidentalis (DuRant et al., 
2007b). In both studies, the authors noted that locomotor performance might not be the 
most sensitive and useful parameter to assess contaminant exposure in reptiles. These 
results were also confirmed in other works with malathion (acute and chronic exposure) 
and lead, where no difference was observed for terrestrial speed performance and only 
arboreal performance was affected in the chronic study at the highest exposition dosage, 
which the authors considered not environmentally realist (Holem et al., 2006, 2008). 
Nevertheless, the potential implications of a reduction in locomotor performance for 
organism fitness and the implications on reproductive success and survival need to be 
more broadly evaluated.  
Altered predatory behaviors can also be related with reproductive success or 
survival. Foraging is essential for energy acquisition and it can be expected that if an 
animal needs more time to capture prey it will have less time available for other activities. 
Moreover, during foraging animals are probably less able to detect predators and thus not 
so agile in efforts to escape them (Murphy et al., 2006). Only a reduced number of 
ecotoxicological studies considered contaminant effects on predatory behaviors. Both the 
study of Bain et al (2004) and Holem et al (2008) found no effects on prey capture or food 
consumption rates, respectively. In contrast, reduced food consumption was found in two 
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studies after exposure to the insecticides carbaryl and fipronil in S. occidentalis and in 
Acanthodactylus dumerili, respectively (Peveling and Demba, 2003; DuRant et al., 2007a). 
With regard to predatory behaviors, contaminant exposure can be manifested as altered 
motor ability, which may be variously as a consequence of a modified muscle activity, 
reduced coordination of decreased visual acuity, or decreased motivation (citations in Bain 
et al., 2004). Thus, behavioral responses can be useful indicators of contaminant 
exposure. 
Energy acquired from the environment is allocated to two general processes, 
maintenance and production. Maintenance costs are those associated with basic 
physiological processes that allow organism survival and include the energy necessary for 
resource acquisition (foraging, digestion, etc.) (Congdon et al., 1982). While, production 
costs refer to energy spent on growth, energy storage and reproduction (Congdon et al., 
1982). For reptiles, it was estimated that maintenance costs account for about 80% of the 
total annual energy budget and only 20% is allocated to the non-essential processes 
(Congdon et al., 1982). Thus, if a contaminant is able to interfere with energy acquisition 
or with energetic requirements for maintenance it can potentially affect individual fitness 
and population dynamics. An elevation in maintenance costs as consequence of 
increased metabolic activity for detoxification or contaminant clearance could be expected 
in exposed reptiles (DuRant et al., 2007a and references therein). Standard metabolic rate 
(SMR), defined as the standard oxygen consumption of a fasted animal, during the 
inactive phase of its daily cycle, has been used as a measure of maintenance energy 
requirements (Bennet and Dawson, 1976), and as an indicator of contaminant effects in 
reptiles (e.g. Hopkins et al., 1999; Bain et al., 2004; DuRant et al., 2007a; Mann et al., 
2007). Hopkins et al. (1999) described a 32% increase in SMR after exposition to coal 
combustion wastes in water snakes. Another study with lizards exposed to carbaryl 
described a 16-30% increase in SMR and a reallocation of energy compared to controls 
(DuRant et al., 2007a). These studies provide basis for the use of SMR has a biomarker 
for pesticide exposure in reptiles. 
Tissue level responses 
At a sub-individual level, histological investigations have been used to provide 
complementary indication of chronic exposure to contaminants in a variety of tissues and 
species (Hinton and Lauren, 1990; Moore and Simpson, 1992; Mitchelmore et al., 2006). 
!!
23 
Contaminants can affect tissues structure and functions through disturbances in molecular 
and subcellular processes. Histological examinations have been used to detect 
morphological alterations or disease that can result from these disturbances and 
eventually result in irreversible tissue damage. Histopathologies are generally a 
manifestation of several interconnected factors, and a direct or specific link with 
contaminant exposure might not always be easily recognized. Despite this, several 
studies in fishes have been able to demonstrate a link between exposure to contaminants 
and the occurrence of histopathologies (reviewed in Stentiford et al., 2003). Eventually, 
histopathologies can provide a useful insight to an individual or population health. 
Considering its role in detoxification and homeostasis, the liver is the major organ 
of interest for the assessment of histopathological damage. Several studies have been 
able to establish relationships between contaminant exposure and the formation of lesions 
in liver of different vertebrate groups (e.g. Ayas et al., 2007; Marques et al., 2009), but few 
have documented such alterations in reptiles (e.g. Özelmas and Akay, 1995; Rania-
Ganser et al., 2003). For example, increased liver fibrosis was found in hepatocytes of the 
water snake Nerodia fasciata fasciata exposed to coal combustion residues (Rania-
Ganser et al., 2003). Liver fibrosis is caused by the proliferation and infiltration of collagen 
fibers into areas between hepatocytes and has been highlighted as a cause of concern for 
reptiles exposed to contaminants (Schaffner, 1998). 
Other organs of interest are those related with the reproductive system. Gonad 
morphology has been commonly studied in reptiles, especially in regard to endocrine 
disruptor compounds. Guillete Jr. et al. (1994) found poorly organized testes in alligators 
after exposure to dicofol and DDT, indicating reproductive impairments and population 
level effects. Similarly, testis histoarchitecture was altered after embryonic exposure to 
atrazine and endosulfan in Caiman latirostris (Rey et al., 2009). While, mild to severe 
testicular effects were found on male reproductive system of lizards exposure to diuron 
and trinitrotoluene (Cardone et al., 2008; McFarland et al., 2008). Modifications in 
reproductive tissues can impact on reproductive fitness, making histological assessment 
of gonads an important biomarker. 
Cellular level responses 
The biomarkers that have been more extensively investigated in ecotoxicological 
studies are those at the biochemical level, including biotransformation enzymes and 
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enzymatic and molecular biomarkers of oxidative stress (Mitchelmore et al., 2006). 
Chemical contaminants can be biotransformed by a sequence of steps that include three 
distinct phases. Phase I reactions include oxidation, reduction or hydrolysis of the original 
compound to a metabolic product, which is then conjugated with an endogenous ligand in 
phase II, and catabolized in phase III (Hodgson, 2010). Within this cascade of events 
easily excretable products might be formed and eliminated from the body. However, these 
transformations might also result in the bioactivation of the compound. Thus, toxic effects 
can result from the binding of the parent compound or their metabolites to cellular 
macromolecules resulting in membrane disruption, cell damage or genotoxic effects 
(Hodgson, 2010).  
Biotransformation enzymes can be induced or inhibited by exposure to 
contaminants. Glutathione S-transferase (GST) is a phase II enzyme that conjugates 
electrophilic contaminants (usually metabolites from phase I reactions) with glutathiones. 
The role of GST in reptiles has mostly been studied in respect to their responses to anoxic 
conditions and freezing (Hermes-Lima and Zenteno-Savín, 2002; Storey, 2006; Furtado-
Filho et al., 2007). In the few studies that focused on contaminant effects, no differences 
in GST activities were found either for snakes or juvenile alligators (Bani et al., 1998; 
Gunderson et al., 2004). Only one study reported increased GST activities in female 
painted turtles inhabiting contaminated ponds (Rie et al., 2000). The literature that exists 
for other groups is also often contradictory, as GST levels might be masked by natural 
parameters (reviewed in van der Oost et al., 2003). Further studies have been 
recommended to assess the potential of phase II enzymes in reptile ecotoxicology 
(Mitchelmore et al., 2006).  
Many environmental contaminants or their metabolites are toxic by virtue of their 
ability to induce the production of reactive oxygen species (ROS) leading to oxidative 
stress. ROS are chemically reactive molecules containing oxygen, like oxygen ions and 
peroxides. If the formation of ROS is excessive, the antioxidant capacity of the individual 
might be overwhelmed, creating oxidative stress. Oxidative stress can be quantitatively 
assessed by the damage imposed to lipid components of the cellular membranes. 
Ultimately, can lead to DNA damage and cell death. Induced levels of lipid peroxidation 
have been found in different vertebrate tissues after exposure to contaminants. In reptiles, 
lipid peroxidation has only been studied as a consequence of aging (Jena et al., 1995). 
Organisms have developed mechanisms to alleviate oxidative stress by scavenging free 
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radicals. These include the oxidation of reduced glutathione (GSH) to an oxidized form 
(GSSG), and a suite of antioxidant enzymes like glutathione peroxidase (GPx), which 
catalyses the reaction, and glutathione reductase (GR), which is important in the recycling 
of glutathiones.  
As indicated above, glutathiones can have two important functions in 
detoxification: as a key conjugate of electrophilic intermediates via GST activities in phase 
II metabolism and as a cofactor for ROS scavenging by GPx. One of the consequences of 
exposure to contaminants is a decrease in the ratio of GSH:GSSG. In healthy cells, ratios 
higher than 10:1 have been reported (Pastore et al., 2003). In reptiles, only one study 
described decreased GSH concentrations in liver after exposure to sodium fluoreacetate 
(Twigg et al., 1988). For other vertebrates, GSH or GSSG concentrations or GSH:GSSG 
ratios have also been poorly studied within the context of exposure to contaminants (van 
der Oost et al., 2003; Venturino and D'Angelo, 2005). Nevertheless, the crucial role of 
glutathiones in the detoxification processes deserves further evaluation as a potential 
biomarker. Likewise, antioxidant enzymes have been insufficiently studied in reptiles. GPx 
activity decreased in the blood of Greek tortoises sampled from habitats affected by heavy 
metal spills (Elezaj et al., 1983 cited in Mitchelmore et. al. 2006). However, most works 
have only dealt with changes caused by hibernation and hypoxia. For example, GPx 
activity was induced after supercooling in Zootoca vivipara, anticipating the increased 
generation of ROS when temperature goes up. GPx catalyzes the metabolism of H2O2 to 
water: 
2GSH + H2O2 ! GSSG + 2H2O, 
the removal of ROS through this mechanism helps protect membranes from oxidative 
damage. The responses of GPx to contaminant exposure have been mixed, and their 
utility as biomarkers has been questioned for different groups (van der Oost et al., 2003). 
GR has an inverse and complimentary role to GPx in maintaining GSH/GSSG 
homeostasis, catalyzing the transformation of GSSG to GSH: 
GSSG + NADPH + H+ ! 2 GSH + NADP+. 
GR utility as a biomarker as also been questioned as it does not seem to be responsive to 
contaminant exposure in most studies (reviewed in van der Oost et al., 2003). To our 
knowledge no studies have ever reported GR levels in reptiles. Therefore further studies 
are need to evaluate both GPx and GR as biomarkers for reptile ecotoxicology.  
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Esterases have been widely used in ecotoxicological studies over the past years to 
assess exposure and effects of neurotoxic compounds. More recently they have also been 
used for other contaminants. Hall and Clark (1982) performed one of the first studies on 
the inhibition of cholinesterases in reptiles. They determined dose response curves for 
brain cholinesterase inhibition following exposure to four organophosphorus insecticides in 
iguanid lizards (Anolis carolinesis) and found sensitivities close to those of birds and 
mammals (Hall and Clark, 1982). Acetylcholinesterase (AChE), a cholinesterase found in 
the brain and blood of several vertebrates, has high affinity towards acetylcholine. Being 
important in the recycling of acetylcholine in nervous tissue. AChE has been intensively 
used as biomarker of pesticide exposure and effect and different authors have tried to 
establish direct relations between severe AChE inhibition and mortality. For example, in 
birds a decrease of 50% was related with mortality (Ludke et al., 1975). Still, this 
phenomenon is not universal across different groups. Nevertheless, depressed levels of 
brain cholinesterases, even if not lethal, can cause an interference in the activity of the 
nervous system and impair essential behavioral and motor functions (Hart, 1993). In 
reptile brains, AChE represents the majority of the total cholinesterases present (Schmidt, 
2003). Other cholinesterases are butyrylcholinesterases (BChE), a group of relative non-
specific esterases, which show more affinity for butyrylcholine. BChE can be present in 
brain and blood but also in other tissues. In reptile blood, BChEs were estimated to 
represent over 80% of total cholinesterases (Sanchez-Hernandez and Moreno-Sanchez, 
2002; Bain et al., 2004). Different laboratory studies have related depressed levels of 
AChE and BChE with exposure to contaminants in reptiles (Fossi et al., 1995; Sanchez-
Hernandez et al., 1997b; Sanchez-Hernandez, 2003). Measurement of BChE in blood 
plasma can be an alternative to the measurement of the destructive brain AChE as a tool 
to assess pesticide exposure (Sanchez-Hernandez et al., 1997a, b; Sanchez-Hernandez 
and Walker, 2000; Sanchez-Hernandez and Moreno-Sanchez, 2002; Sanchez-
Hernandez, 2003; Sanchez-Hernandez et al., 2004). Furthermore, a protective role of 
BChE on AChE has also been proposed. Taking in consideration that the recovery rate of 
BChE following inhibition is slower than that of AChE, BChE inhibition as a consequence 
of pesticide exposure might be a more useful as a biomarker. Further studies that 
compare answers of cholinesterases in different tissues to different contaminants can give 
strength to the already obtained results. Moreover, as cholinesterases have been 
intensively used with other groups might provide a good tool of comparisons. 
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The activity of carboxylesterases (CbE), a group of esterases that are present in a 
range of tissues and hydrolyze a variety of ester substrates has also been used 
successfully as biomarker of contaminant exposure (Sanchez-Hernandez et al., 2009). 
Several authors have proposed a protective role over brain cholinesterases, by 
participating in detoxification pathways of pesticides thus decreasing their concentration 
inside the organism (e.g. Wheelock et al., 2005; Sanchez-Hernandez and Wheelock, 
2009). Moreover, some of the studies have suggested that CbE activity could be a more 
sensitive biomarker than cholinesterase activity in brain. In reptiles, depressed levels of 
serum CbEs were determined in the lacertid lizard Gallotia galloti after exposure to 
parathion (Sanchez-Hernandez et al., 1997a, b). Further studies are needed to assess 
their potential as biomarkers of pesticide exposure and effect. 
Other stressors: parasitism 
Various natural factors can interfere with the impact of contaminants and 
biomarker responses. One factor that has been studied in amphibians and fish is the joint 
effect of environmental contaminants and parasites. Parasitic infection can affect 
contaminant accumulation and effects (Sures, 2004, 2008) and the expression of different 
biomarkers (Marcogliese et al., 2005; Sures, 2008; Marcogliese, 2009). Furthermore, 
parasites can affect a host immune defense by leaving the animal more susceptible to 
infection or by altering their immune response (Christin et al., 2003; Rohr et al., 2008). 
Furthermore, environmental pollution can decrease parasitism by reducing parasite 
abundance and diversity (King et al., 2010). Although other sources of environmental 
stress are known to affect parasite load in a lacertid lizard (Oppliger et al., 1998); to our 
knowledge, only one study is trying to investigate the combined effects of contaminants 
and parasitism (McFarland et al., 2011b). Preliminary results seem to indicate that 
trinitrotoluene exposure overcomes any effects of Plasmodium infection (McFarland et al., 
2011b). 
Multi-level approach 
Environmental pollutants can trigger a cascade of biological responses and 
several authors have emphasized the need to use a multi-biomarker approach to study 
those responses (Brouwer et al., 1990). It is expected that these responses will occur first 
at low levels of biological organization. As severity increases, effects will eventually lead to 
changes at higher levels and ultimately result in changes in populations, communities and 
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alter ecosystem functions. From an ecotoxicological point of view the best approach is to 
use a battery of biomarkers and parameters interlinking results obtained at different levels 
of organization (Galloway et al., 2004). Also, from an ethical perspective, it is important to 
extract as much information as possible if animals are going to be sacrificed in the name 
of science. This idea is reinforced in the new EU directive (2010/63/EU) on the protection 
of animals used for scientific purposes. The directive suggests that when live animals are 
to be used, the maximum information should be collected from the same individuals, 
therefore reducing the number of individuals used. 
On the other hand, it is also indispensable to relate biomarker responses obtained 
from different exposure scenarios. Laboratory-based single-species tests constitute the 
majority of the ecotoxicological studies and are usually used to predict the effects of a 
chemical before it is released in the environment. These toxicity tests examine effects of a 
single contaminant, under standardized controlled conditions without any confounding 
biotic or abiotic variables, allowing the establishment of cause-effect relationships (Kimball 
and Levin, 1985). Nevertheless, they have mainly focused on molecular, biochemical and 
physiological pathways that might be difficult to translate accurately to other levels of 
biological organization, such as communities and populations. In addition, responses 
obtained for one species may not be applicable even to closely related species, and do 
not reflect the effects a contaminant can have on natural conditions. For example, a few 
laboratory studies have detected depressed levels of AChE after pesticide exposure, but 
field studies with the same species were unable to detect any differences after recent 
environmental exposures (Fossi et al., 1995). 
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Figure 3 Diagram of exposure scenarios in ecotoxicological testing and the degree of control and 
environmental realism expected. 
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In contrast, field studies have focused on effects at more ecologically relevant 
levels of organization and on natural interactions, but have failed to establish direct cause 
and effect. Most of the results obtained in field studies are correlative, and complementary 
research is required to understand the relation between effects and exposure to 
contaminants. The integration of both laboratory exposures and field studies is essential 
and intermediate exposure scenarios like those provided by mesocosm settings, might be 
useful to validate them (Figure 3). 
Contaminant exposure in reptiles: pesticides 
Reptiles can be at risk from several contaminants including organic and inorganic 
compounds and radionuclides (e.g. Lamb et al., 1991; Fossi et al., 1995; Hopkins et al., 
1999; Clark et al., 2000; Lind et al., 2004; Gómara et al., 2007). In reptile ecotoxicology, 
the most studied class of contaminants is metals, followed by endocrine disruptors, 
organochlorine pesticides and non-chlorinated pesticides (reviewed in Sparling et al., 
2010). 
Agriculture represents one of the main economic activities worldwide. Its 
intensification has been possible through increased mechanization and the use of 
synthetic pesticides. Pesticides, because of their biocide activity, scale and volume of 
application, constitute the major contaminant of concern in terrestrial environments 
(Sánchez-Bayo, 2011). The term pesticide usually refers to the active constituent of Plant 
Protection Products (PPPs). PPPs are defined by a European directive (91/4147EC) as 
“active substances and preparations containing one or more active substances, put up in 
the form in which they are supplied to the user that are intentionally used in agriculture to 
prevent crop destruction”. The environmental problem raised by the use of pesticides, is 
the distinction between the target species they are formulated to remove, and the non-
target species that are unintentionally affected. Worldwide, pesticide usage is estimated at 
4 million tons per year (FAO, 2010). Eurostat produces statistics on pesticide use based 
on sales data from the different countries in Europe. For example, in Portugal during 2003 
almost 20,000 tons of plant protection products (expressed in active ingredients) were 
sold (Eurostat, 2007). In the end of 2003, 817 products corresponding to 255 active 
substances had a provisional authorization sale for Portugal.  
Herbicides, insecticides and fungicides constitute the majority of pesticides used 
worldwide. In recent years, the most persistent and bioaccumulative pesticides have been 
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discontinued in many countries, like the USA and countries of the European Union. 
Application of pesticides is usually done by spraying, incorporation in the soil or seed-
dressing. Impact of these contaminants will depend on the amount taken up by the 
organism (dose), by the type of exposure, single or chronic, and the persistence of the 
pesticide or its metabolites in the environment. In addition, in agricultural areas a mixture 
of pesticides is commonly applied and synergistic or antagonistic effects can occur. 
Registration of a pesticide for use in agriculture usually requires the submission of 
data to a regulatory agency (in the European Union, the European Food Safety Authority). 
The new EU regulation EC 1107/2009 has set up new criteria for the approval of plant 
protection products including active substances, safeners and co-formulants. The 
regulation states that PPPs should have “no acceptable effects on the environment”. 
Ecotoxicological criteria for the approval, including guidelines and guidance documents to 
assess risk, are defined through Annex II which, at the time of writing, was still under 
review (documents SANCO/11844/2010 for active substances and SANCO/11843/2010 
for plant protection products). Tests on mammals, birds, fishes and amphibians will be 
necessary but it is not expected that tests on reptilian species will be required. So far, 
what has been set up is that “available and relevant data, including data from open 
literature for the active substances to birds, mammals, reptiles should be presented and 
taken in account in risk assessment”.  
Ecological or environmental risk assessment (ERA) is a procedure by which the 
adverse effect of pollutants and other anthropogenic activities on ecosystems are 
estimated (Leeuwen and Vermeire, 2007). An important part of the ERA process is 
estimating the magnitude and probability of effects (risk analysis) (Leeuwen and Vermeire, 
2007). Risk analysis includes effect and exposure assessment. Routes of exposure for 
reptiles to PPPs can include dietary routes, contact with the contaminated environment or 
exposure during applications. Exposure assessment in reptiles was recently dealt with in 
two studies (Fryday and Thomson, 2009b; Weir et al., 2010). Both works reviewed 
literature and developed allometric equations to estimate food requirements for reptiles. 
These can be used to predict risk exposure scenarios for each species based on 
environmental concentrations and residues in prey items. The exposure risk of dermal 
exposure was also evaluated in both studies. Fryday and Thomson (2009b) tried to 
incorporate all the possible variables that would interfere with dermal exposure, like 
surface area of contact, water potential of the animal and medium, physical properties of 
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chemical and the permeability of skin, concluding that no method would be able to 
incorporate all these complexities. While, Weir et al. (2010) developed a dermal exposure 
model based on exposure estimations by U.S. EPA for other species. Other exposure riks, 
from inhalation and accidental or deliberate soil ingestion were also evaluated (Fryday and 
Thomson, 2009b). The authors concluded that inhalation exposure is not expected to 
represent a high risk of exposure; and that accidental soil ingestion risk can be accounted 
for from soil concentrations and pesticide concentration in prey, or from data on soil 
content of prey (Fryday and Thomson, 2009b). The studies of Rich and Talent (2009) 
reinforced soil ingestion as an important route of exposure to contaminants and called 
attention to the lack of data existent on ingestion rates and on the intentionality of soil 
ingestion in nature.  
When reptiles have been included in ERAs, risk assessors have usually adopted 
surrogate species. Birds have been used assuming that exposure risks are lower in 
reptiles. Studies by Fryday and Thomson (2009b) and by Weir et al. (2010) are in 
accordance in stating that the energetic demands for reptiles are lower than those of birds. 
Furthermore, contrary to birds and mammals, reptiles do not have to feed regularly and 
can be inactive for long periods because of climatic conditions. Therefore, risk could be 
reduced and should only be considered during their active periods, taking into 
consideration time of day, season, temperature, etc. However, after a period of inactivity 
their feeding behavior can be altered to compensate that period and their risk of exposure 
could be increased; and the developed allometric equations would not be suitable 
estimators (Fryday and Thomson, 2009b). On the other hand, dermal exposure models 
suggest that reptiles can be at higher risk than birds and that dermal uptake could be 
greater than dietary exposure in smaller species (Weir et al., 2010). Thus, from the 
perspective of exposure assessment, the use of surrogate species might not be adequate. 
Surrogate species are also commonly used for the part of effect assessment in risk 
analysis procedures. This is because reptile toxicity data is lacking and there is a general 
assumption that birds are equally or more sensitive to contaminants than reptiles. 
Nonetheless, reptiles seem to be more sensitive than birds to some contaminants (Weir et 
al., 2010). In a second report for the European Food Safety Authority, Fryday and 
Thomson (2009) reviewed the toxicity of data of agricultural products available for reptiles, 
and when possible, compared it with data available for birds and mammals. Given the 
limited information available for European species, they included all existing studies; 
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concluding even though, that data was insufficient for any statistical comparisons; and that 
no conclusions could be made about the suitability of birds or other vertebrate groups as 
surrogates (Fryday and Thomson, 2009a). Data on the toxicity of pesticides of 
representative reptile species needs to be obtained if reptiles are to be included in future 
risk assessment processes. 
Reptiles are sensitive to numerous chemical classes of pesticides, and groups of 
pesticides, including persistent and modern pesticides (reviewed in Pauli et al., 2010). 
Persistent pesticides include substances like DDT or aldrin; products that do not break 
down chemically or break down very slowly, and remain for a long time in the 
environment. DDT spraying significantly influenced frequency and sightings of several 
reptile species in Zimbabwe (Lambert, 1993) and acute exposure to endosulfan altered 
male gonadal histofunctional features in caimans (Rey et al., 2009). On the other hand, 
information regarding not persistent pesticides is still scarce, simply because of the 
multiplicity of different chemicals that are registered for use. Modern pesticides have 
become more specific in action, and safer for non-target organisms. Moreover, they tend 
to breakdown fairly rapidly (through photodegradation, hydrolysis, heat and microbial 
action). Also, they can bind with organic matter in soil, sediments and water thus 
becoming less bioavailable for organisms. Because of their lower tendency for 
persistence, predicting environmental exposure is more difficult, and requires 
sophisticated analytical methods. Despite this, a few works have shown negative effects 
following exposure to these compounds (Alexander et al., 2002; Cardone et al., 2008). 
Lacertids as model reptiles for ecotoxicology 
Most of the research with reptiles has been done with North American species. In 
Europe, ecotoxicology studies have been sparse and the two most abundant groups in the 
region, lizards and snakes, are also the two least studied taxonomic groups with regard to 
exposure and effects of environmental contaminants. Table 1 summarizes reptile 
ecotoxicology studies in Europe with native species, excluding sea turtles. Studies of 
veterinary products used in reptiles for parasite infection were also not included. 
Mitchelmore (2006) cites several works by Rozhaja and co-workers, which were also not 
included, as we could not access them. 
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Table 1 Summary of reptile ecotoxicology studies in Europe with native species, excluding sea 
turtles (ordered by species). 
Species Study Type Contaminant Exposure Biomarker Reference 
Anguis fragilis Field Cd and Pb  Residues in whole body. (Schmidt, 1981) 
Chamaleo 
chamaleo Field 
PCBs, α-HCH, γ-HCH, 
heptaclor epoxide, 
aldrin, dieldrin, 
dichlorobenzophenone, 
p,pʼ-DDE, p,pʼ-TDE, 
p,pʼ-DDT, Pb, Zn, Cd 
and Cu 
 Residues in egg contents. 
(Diaz-
Paniagua et 
al., 2002) 
Chamaleo 
chamaleo Field 
PCBs, DDT, As, Cd, 
Cu, Pb and Zn  
Residues in egg contents and 
eggshells. 
(Gómara et 
al., 2007) 
Emys 
orbicularis Field 
Polycyclic aromatic 
hydrocarbons and 
mercury 
 Intracellular DNA variation (FPCV); micronucleus. 
(Matson et al., 
2005) 
Gallotia galloti Field Dipterex (80% trichlorfon) Spraying 
Serum butyrylcholinesterase 
activity. 
(Fossi et al., 
1995) 
Gallotia galloti Lab Trichlorfon Oral intubation 
Serum butyrylcholinesterase 
activity; brain 
acetylcholinesterase activity; liver 
carboxylesterase activity. 
(Fossi et al., 
1995) 
Gallotia galloti Lab Folidol SE5 (5% parathion) Spraying 
Serum butyrylcholinesterase and 
carboxylesterase activities. 
(Sanchez-
Hernandez et 
al., 1997a) 
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Species Study Type Contaminant Exposure Biomarker Reference 
Gallotia galloti Lab Parathion Oral intubation 
Serum butyrylcholinesterase 
activity; brain 
acetylcholinesterase activity; 
serum and liver carboxylesterase 
activity; EROD and BROD 
activities. 
(Sanchez-
Hernandez et 
al., 1997b) 
Gallotia galloti Lab Trichlorfon Oral intubation 
Serum and brain cholinesterases 
activity. 
(Sanchez-
Hernandez 
and Walker, 
2000) 
Gallotia galloti Lab Parathion Oral intubation 
Serum and brain cholinesterases 
activity. 
(Sanchez-
Hernandez 
and Walker, 
2000) 
Gallotia galloti Field Agricultural pesticides (not determined)  Serum cholinesterase activity. 
(Sanchez-
Hernandez, 
2003) 
Gallotia galloti Field Agricultural pesticides (not determined)  
Serum butyrylcholinesterase 
activity; condition factor; 
hematocrit. 
(Sanchez-
Hernandez et 
al., 2004) 
Iberolacerta 
cyreni Lab Arsenic 
Eggs 
incubated on 
contaminated 
vermiculite 
Eggshell and embryo residues of 
Cu, Cd, Zn, Pb and As; hatching 
success; hatching duration; 
hatchling size (body mass and 
total length); running speed. 
(Marco et al., 
2004b) 
Laudakia stellio Field 
Al, Cr, Mn, Co, Ni, Cu, 
Zn, Rb, Sr, Mo, Cs, Ba, 
Pb 
 Residues in liver and carcass. (Loumbourdis, 1997) 
Mauremys 
caspica Field 
Polycyclic aromatic 
hydrocarbons and 
mercury 
 Intracellular DNA variation (FPCV); micronucleus. 
(Matson et al., 
2005) 
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Species Study Type Contaminant Exposure Biomarker Reference 
Natrix maura Field PCBs, DDTs, HCB  Residues in carcasses. (Santos et al., 1999) 
Natrix maura Field Pesticides (not determined)  Relative density. 
(Santos and 
Llorente, 
2009) 
Podarcis 
carbonelli Lab Ammonium nitrate 
Eggs 
incubated on 
contaminated 
vermiculite 
Hatchling size (body mass and 
total length); time to hatching; 
embryo survival; running speed. 
(Marco et al., 
2004a) 
Podarcis 
carbonelli Lab Cadmium 
Dietary: 
Superficially 
or biologically  
contaminated 
food 
Residues in gut, liver, kidney, 
carcass and gonads. 
(Mann et al., 
2006) 
Podarcis 
carbonelli Lab Cadmium 
Dietary: 
Superficially 
or biologically  
contaminated 
food 
Residues in carcass, gut, liver, 
kidney and whole body; liver and 
kidney somatic index, 
acetylcholinesterase and 
butyrilcholinesterase activities; 
metallothioneins; standard 
metabolic rate. 
(Mann et al., 
2007) 
Podarcis 
hispanica Lab Ammonium nitrate 
Eggs 
incubated on 
contaminated 
vermiculite 
Hatchling size (body mass and 
total length); time to hatching; 
embryo survival; running speed. 
(Marco et al., 
2004a) 
Podarcis 
muralis Field Cd and Pb  Residues in whole body. 
(Schmidt, 
1981) 
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Species Study Type Contaminant Exposure Biomarker Reference 
Podarcis sicula Lab Ethane 1,2-dimethane sulfonate 
Intraperitoneal 
injection 
Plasma and testicular androgen 
levels; testes histology. 
(Minucci et 
al., 1995) 
Podarcis sicula Lab Cadmium Intraperitoneal injection Metallothioneins. 
(Riggio et al., 
2003) 
Podarcis sicula Lab Cadmium 
Intraperitoneal 
injection or 
dietary. 
Residues in ovary, kidney, liver, 
gut and brain; metallothioneins in 
gut, ovary, kidney, liver and brain. 
(Trinchella et 
al., 2006) 
Podarcis sicula Lab Methyl thiophanate 
Spraying of 
terrarium, 
food and 
water 
Liver histology and 
immunocitochemistry; catalase 
and superoxidase dismutase 
activity; peroxisomal proliferation 
(acyl-CoA oxidase). 
(Buono et al., 
2007) 
Podarcis sicula Lab Methyl thiophanate 
Spraying of 
terrarium, 
food and 
water 
Corticoesterone, ACHT, 
catechholamines, adrenaline and 
noradrenaline plasma levels; 
adrenal gland morphology. 
(Falco et al., 
2007) 
Podarcis sicula Lab Diuron 
Spraying of 
soil and food 
or in water 
Gonodosomatic index; tubular 
diameter; type of germ cells in 
seminiferous tubules; diameter of 
seminiferous tubules; size of 
spermatogenesis phases; 
identification of apoptotic cells; 
plasma testosterone and 17 β-
estradiol. 
(Cardone et 
al., 2008) 
Podarcis sicula Lab Methyl thiophanate Intraperitoneal injection 
Thyroid histology; plasma thyroid 
hormone levels (T3, T4 and TSH). 
(Sciarrillo et 
al., 2008) 
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Species Study Type Contaminant Exposure Biomarker Reference 
Podarcis sicula Field PAHs and Zn, Fe, Mn, Pb, Cd, Hg  
Liver index and proteins; 
cytochrome P450 activities 
(EROD and BPMO), 
acetycholinesterase activity in 
brain, bile PAH metabolites; 
vitellogenin and zona radiate 
proteins in plasma; PAHs and 
trace elements residues levels in 
whole bodies. 
(Marsili et al., 
2009) 
Podarcis sicula Lab Nonylphenol Intraperitoneal injection 
Thyroid histology; plasma thyroid 
hormone levels (T3, T4 and TSH). 
(Sciarrillo et 
al., 2010) 
Podarcis sicula Lab Methyl thiophanate 
Spraying of 
plants, food 
and water 
Micronucleus; chromosome 
aberration analysis; single-cell 
gel electrophoresis comet assay. 
(Capriglione 
et al., 2011) 
Psammodromus 
algirus Field 
Hg, Sb, Cd, Cr, Tl, Sn, 
Ba, Cu, Pb, Sr, Mn, 
Rb, As, and Zn 
 Residues in tail. 
(Márquez-
Ferrando et 
al., 2009) 
Tarentola 
mauritanica Field 
Al, V, Mn, Fe, Co, Ni, 
Cu, Zn, As, Se, Rb, Sr, 
Mo, Cd, Sb, Cs, Ba, Pb 
and Tl 
 Residues in carcass, tail and stomach contents 
(Fletcher et 
al., 2006) 
Testudo 
hermanni Field 2,4-D and 2,4,5-T  
Population size; survival rate; 
dispersal; population structure; 
condition. 
(Willemsen 
and Hailey, 
2001) 
Zootoca 
vivipara Field Cd and Pb  Residues in whole body. 
(Schmidt, 
1981) 
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Species Study Type Contaminant Exposure Biomarker Reference 
Zootoca 
vivipara Field Pb, Zn, Cd, Cu  
Residues in carcass, femur, liver, 
lung and kidney. 
(Avery et al., 
1983) 
Zootoca 
vivipara Field Radioactivity  Gonad abnormalities. 
(Semenov 
and Ivanova, 
1995) 
!
At the European level, lacertids have been identified as potential model species for 
reptile ecotoxicology (Fossi et al., 1995; Lambert, 2005; Mann et al., 2006; Cardone et al., 
2008). They were first proposed as potential bioindicators by Lambert (1997) because of 
their importance as components of terrestrial ecosystems and their intermediate role in 
food chains in Africa. Lacertids present other characteristics that further justify their 
selection. They have a wide geographic distribution and are very prevalent in the 
Mediterranean basin where they form an important component of the habitat (Arnold and 
Ovenden, 2002; Carretero, 2004). Lacertids have been extensively studied and there is a 
large amount of data available on their life history, ecology and physiology. However, 
probably one of their major advantages is their abundance in suitable habitats where they 
can occur in very high densities when compared to other vertebrates (Valverde, 1967). As 
most of the species are relatively small in size, early maturing, short-lived species and 
produce multiple clutches over one or several reproductive seasons, they are ideal for 
laboratory studies (Talent et al., 2002; Lambert, 2005). In addition, adult lacertids have 
strong site fidelities and spend their entire lives within small home ranges. Therefore, their 
exposure history can be assumed with some certainty. Moreover, most species are 
generalist predators and have taken advantage of man-made habitats, which have often 
allowed them to persist and thrive in otherwise harsh environments, such as agricultural 
areas (Graziani et al., 2006). 
Study species and sites 
We have chosen the species Podarcis bocagei for our study (Figure 4). P. bocagei 
is a small insectivorous lacertid endemic to the northwestern Iberian Peninsula, where it is 
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widespread in both natural and altered environments. Individuals are sexual dimorphic 
with males presenting a green dorsum, whereas females and juveniles have a brownish 
color. Males are usually bigger than females, with a more robust head. The species 
occupies a variety of habitats from coastal dunes, to brushwoods and modified habitats. It 
is a relatively abundant species that actively searches for prey in soil, which 
predominantly includes arachnids and small coleopterans (Marques et al., 2005). Lizards 
are active through most of the year with exception of the period between November to 
February when their activity is reduced, being active only in warm, sunny days. Females 
can do one to three annual consecutive reproductive cycles with a mean of four eggs per 
posture; hatchlings are usually born from June to September and can reach adulthood in 
one to two years (Galán, 1997). Median growth rates are higher during the first year and 
decreased with age, and are higher for males than females (Galán, 1999). Animals are 
very sedentary, with maximum displacements of 45.6 m in adults (Galán, 1999), but 
dispersal of youngs results in rapid colonization of adjacent habitats (Galán, 1997). Its 
main predators are snakes, birds and occasionally other lacertids (Timon lepidus) (Galán 
and Fernández, 1993). As with other lacertid lizards, P. bocagei displays several of the 
ideal characteristics for reptile ecotoxicology. 
!
Figure 4 Podarcis bocagei lizard. 
The fields where the work was developed are maize fields cultivated in rotation 
with Italian ryegrass (Figure 5). Maize is the most important crop in Portugal for both 
animal feeding and grain production. In arable agricultural land, herbicides represent the 
most commonly used methods to control invasive plants. In 2003, the main herbicides 
used on maize crops were atrazine, alachlor, S-metolachlor, S-etil-dipropiltiocarbamato 
and bentazone (Eurostat, 2007). Since then, atrazine, alachlor and EPTC have been 
banned in the European Union. In general, seeds are already treated with a fungicide and 
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insecticides are not applied systematically, but only when an infestation attacks the 
culture. The most commonly used insecticide is chlorpyrifos. 
!
Figure 5 An aspect of a field site in spring, before corn plantation. Lizards occupy the stone-walls 
that border fields. 
In our project we tried to assess if Podarcis bocagei could be used as a 
bioindicator of pesticide exposure and toxicity in agricultural areas. We have used a tiered 
approach with three different exposure scenarios. These included, a field study with 
naturally exposed lizards to a cocktail of pesticides from agricultural sites; a mesocosm 
setting where animals were exposed in semi-controlled conditions to pesticides replicating 
field exposure; and finally a highly controlled laboratory study where lizards were exposed 
to chlorpyrifos. Pesticide effects on the lizards were assessed through a multi parameter 
and biomarker approach. 
Thesis Outline 
This thesis is divided into six chapters, including the General Introduction (Chapter 
1), four chapters (Chapters 2 to 5) describing the main findings of the work and a General 
Discussion relating the main results of the previous chapters. At the time of writing, each 
of the four research chapters had been formatted as papers for publication. As a 
consequence, there is an unavoidable degree of repetition within these chapters. 
Chapter one “General Introduction”: a historical perspective of reptile ecotoxicology 
is presented, followed by a description of the different parameters and biomarker 
approaches that will be used in the following chapters and the utility of combining those 
responses and analyzing them in different exposure scenarios. The impact of pesticides 
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on reptiles, and the lack of reptile studies at the European level are discussed. The 
general introduction finishes with an overview of the species and the area of study.  
Chapter two “A tiered approach to reptile ecotoxicology using lacertid lizards as 
sentinel organisms: Part 1 – Field demographics and morphology”: details the results of a 
mark-recapture study and different population parameters of six subpopulations inhabiting 
agricultural sites exposed or not to pesticides. This manuscript has been submitted to 
Chemosphere and is currently under revision. 
Chapter three “A tiered approach to reptile ecotoxicology using lacertid lizards as 
sentinel organisms: Part 2 – Biomarkers of exposure and toxicity among pesticide 
exposed lizards”: details biomarkers of exposure and effect assessed in lizards collected 
from the subpopulations studied in Chapter four. This manuscript has been submitted to 
Chemosphere and is currently under revision. 
Chapter four “The utility of mesocosms for ecotoxicity testing with lacertid lizards – 
a field validation study”: details the results of a semi-controlled study performed with naive 
lizards exposed to a mixture of herbicides and insecticide. This manuscript has been 
submitted to Archives of Environmental Contaminantion and Toxicology. 
Chapter five “Biomarkers of exposure and effect in a lacertid lizard (Podarcis 
bocagei) exposed to chlorpyrifos”: details the laboratory exposure of lizards to two 
environmentally realistic dosages of chlorpyrifos. This manuscript has been submitted to 
Environmental Toxicology and Chemistry. 
Chapter six “General Discussion”: the results of the previous chapters are 
discussed in terms of Podarcis bocagei as biondicator species for reptile ecotoxicology; 
the parameters and biomarkers that yield more promising results for the area; their 
responses under different exposure scenarios and the inclusion of reptiles in 
environmental risk assessment studies. 
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A tiered approach to reptile ecotoxicology using lacertid lizards as sentinel 
organisms: Part I – Field demographics and morphology 
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Abstract 
At the European level, lacertid lizards have been proposed as potential model 
species for reptile ecotoxicology. We studied demographic and morphological aspects of 
natural field subpopulations of Podarcis bocagei inhabiting similar agricultural habitats 
which were either regularly exposed to pesticides, or not. Parameters examined in this 
study included population size and density, sex ratio, adult body size, fluctuating 
asymmetry in femoral pores and parasite prevalence. In general, we detected few 
statistically significant differences between the exposed and reference subpopulations. 
Although field situations are ecologically complex and factors other than pesticides may 
be acting, the absence of observable effects on field subpopulations is probably indicative 
that lizards are coping or compensating for this level of exposure. 
Introduction 
In 2010, 28% of the reptiles evaluated by the International Union for the 
Conservation of Nature (IUCN) were listed as Critically Endangered (CR), Endangered 
(EN) or Vulnerable (VU) (IUCN 2010) and environmental pollution has been recognized as 
one of the main contributing factors (Gibbons et al. 2000; Lange et al. 2009; Todd et al. 
2010). Despite consistent calls for greater emphasis on reptile ecotoxicology research, 
there is still a lack of knowledge regarding the responses of reptiles to contaminants (Hall 
1980; Hopkins 2000; Sparling et al. 2010). Pesticides, in view of their biocide activity, 
scale and volume of application, are the major contaminant of concern for terrestrial 
environments (Sánchez-Bayo 2011). Reptiles, as non target organisms, can be directly 
exposed to pesticides through various routes, including: (a) ingestion of contaminated 
food; (b) accidental or deliberate ingestion of soil; (c) inhalation; (d) maternal transfer to 
eggs/young; (e) dermal exposure, (f) absorption by eggs of contaminants from 
surrounding environments (Lambert 1997; Rauschenberger et al. 2004; e.g. de Solla et al. 
2006; Rich and Talent 2009; Weir et al. 2010) and indirectly affected as a consequence of 
diminished food availability or plant cover (Sánchez-Bayo 2011). 
Modern pesticides have, over the years, become more specific and safer for non 
target organisms. Registration of a pesticide for use in agriculture usually requires the 
submission of data to a regulatory agency (in the EU, the European Food Safety Authority 
through the Council Directive EC 1107/2009). These agencies generally require evidence 
that the chemical is not overly toxic to aquatic fauna, bees, terrestrial mammals and birds. 
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Information on toxicity to reptiles is only required if it is available. As a consequence, 
hundreds of chemicals are continuously being registered for use in agricultural areas 
worldwide, and the impact of these chemicals on reptiles remains largely unknown.  
In all fields of toxicology, specific species are being adopted to act as surrogate 
models for field and laboratory based research. Given their prevalence in Europe, 
particularly in the Mediterranean basin (Arnold and Ovenden 2002; Carretero 2004), 
lacertid lizards were identified as potential model species for reptile ecotoxicology (e.g. 
Mann et al. 2006; Cardone et al. 2008). Primarily, the major advantage of these taxa is 
one of abundance; in suitable habitat types, these animals occur at very high densities 
compared to other vertebrate taxa, for example 10 lizards to 1 mammal (Valverde 1967). 
Moreover, adult lacertids are characterized by strong site fidelity, spending their entire 
lives within small home ranges and are usually generalist predators (Carretero 2004; 
Galán 1999). Therefore, their exposure history can be assumed with some certainty. Also, 
they have relatively short life spans (3-4 years). Hence, they are expected to provide 
inference on short term impacts. Lacertid lizards are also relatively easy to maintain in 
captivity. Most importantly, like many small opportunistic lizard species around the world, 
they have taken advantage of man-made habitats (Graziani et al. 2006) that often allow 
many species to persist and even thrive in otherwise harsh environments. The existence 
of comparable habitats that occur over wide geographic regions, such as stone walls in 
Mediterranean agriculture zones, allows for a comparison between areas where 
pesticides are applied on a regular basis and areas where no pesticides are in use.  
At the population level, the effects of exposure to contaminants have rarely been 
confirmed, although it is expected that they will influence subpopulations in subtle ways in 
conjunction with other biotic and abiotic factors like disease, predation, competition, food 
availability, climatic conditions and habitat quality (Banks and Stark 1998; Meyers-Schone 
2000). At least two studies have related declines in reptile subpopulations with sublethal 
contaminant exposures through modifications on population dynamics (Shelby and 
Mendonca 2001; Guillette Jr. et al. 1994). Moreover, numerous parameters of exposure 
and effect in subpopulations and individuals have been identified as potentially useful, 
although very few of these have been applied reliably to reptile subpopulations to 
document population declines.  
The primary hypothesis for this study is that the physiological effects of exposure 
to a cocktail of pesticides will be manifested within the exposed populations of P. bocagei, 
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either as changes in population structure, or as changes in individual biomarkers of 
exposure and effect. Responses at higher levels of organization are usually hard to relate 
with contaminant exposure. Although metrics of exposure at the individual level have been 
used to predict effects, they have seldom been associated with effects at community or 
population levels (Rattner et al. 2000). We adopted a tiered approach that examined 
subpopulations of the lacertid lizard Podarcis bocagei living in similar habitats (agricultural 
stone walls), that were either regularly exposed to pesticides, or not. The study has been 
separated into two subsets of data: 1. demographics and morphological aspects of natural 
field subpopulations, the details of which are described here; and 2. biomarkers of 
exposure and toxicity at physiological, biochemical and cellular levels, which are 
presented in a companion paper (Amaral et al. 2012). 
Methods 
Study area and species 
Fieldwork was carried out in six localities in the north coastal region of Portugal 
(Figure 1a). These sites were all agricultural fields with adjoining non cropped field 
margins and stone walls that provided habitat and shelter for reptile species (e.g. Figure 
1b).  Four sites (Exp 1, Exp 2, Exp 3, Exp 4) were under intensive agriculture (exposed) in 
Vila do Conde (41°19'N, 8°40'W) and two sites (Ref 1, Ref 2) were under organic 
agriculture (reference) in Vila Nova de Famalicão (41º26ʼN, 8º30ʼW), approximately 20 km 
further east. The exposed sites were corn fields (Zea mays L.) with a winter rotation of 
ryegrass (Lolium multiflorum Lam.), where fertilizers, herbicides and insecticides have 
been applied routinely for more than 30 years. The two reference sites included a pasture 
and an organic farming field (several cultures) with no history of chemical application. The 
organic farming fields were within 500 m of conventional sites that are routinely sprayed, 
therefore some exposure may occur from drift but it was predicted to be quite low. The 
sites were characterized through consultation with the Cooperativa Agrícola de Vila do 
Conde regarding agricultural practices in the region and with landowners concerning 
current and historical land and pesticide usage. In the exposed sites, farmers are mainly 
using a combination of herbicides: a corn pre seedling herbicide, which is usually 
complemented by a second application of a post emergence herbicide. A third herbicide is 
used by some of the farmers to control plants in field margins, while an insecticide 
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application is only carried out when necessary. The products used are usually changed 
every 2-3 years to avoid weed resistance or because of EU restrictions. 
!
Figure 1 a) Location of the sampling sites on NW Portugal. Exposed sites are shown by a dark or 
grey circle and the reference areas by a white circle. b) Example of a sampling site (Exp 2).  
The six sites are included in the Temperate Oceanic Sub-Mediterranean climate 
type with an average temperature < 15 ºC, a precipitation > 1000 mm and a high relative 
humidity (Rivas-Martinez and Rivas-Saenz 2009). The fields themselves are not a suitable 
habitat for lizards and they occupy the adjoining walls and field margins. During the entire 
field study only one juvenile lizard was observed more than 1 m away from the nearest 
wall. The margins of the fields were of variable width (from 20 cm to 1 m) and were 
characterized by the presence of spontaneous herbaceous vegetation. 
Podarcis bocagei (Seoane 1884) is a small insectivorous lacertid endemic to the 
northwestern Iberian Peninsula. It has a short life-span (3-4 years) and occupies a variety 
of habitats, from wide open forests with brushwood to coastal dunes and agricultural 
areas (Galán 1986). Adults show a strong sexual dimorphism; males attain larger sizes 
and a dorsal green coloration whereas females have a brown pattern (Galán 1986). They 
are active through most of the year on sunny days, reducing their activity from mid 
November to February (Carretero et al. 2006). Juveniles hatch between June and August 
and reach maturity in one to two years (Galán 2004). Individuals are considered adults if 
their snout-vent length (SVL) is higher than 47.79 mm for males (Carretero et al. 2006) 
and 46.11 mm for females (Carretero, unpublished data). 
a) b) 
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The six sites are included in the Temperate Oceanic Sub-Mediterranean climate 
type with an average temperature < 15 ºC, a precipitation > 1000 mm and a high relative 
humidity (Rivas-Martinez and Rivas-Saenz, 2009). The fields themselves are not suitable 
habitats for lizards and they occupy the adjoining walls and field margins. During the 
entire field study only one juvenile lizard was observed more than 1 m away from the 
nearest wall. The margins of the fields were of variable width (from 20 cm to 1 m) and 
were characterized by the presence of spontaneous herbaceous vegetation. 
Podarcis bocagei (Seoane 1884) is a small insectivorous lacertid endemic to the 
northwestern Iberian Peninsula that occupies a variety of habitats, from wide open forests 
with brushwood to coastal dunes and agricultural areas (Galán, 1986). Adults show a 
strong sexual dimorphism; males attain larger sizes and a dorsal green coloration while 
females have a brown pattern (Galán, 1986). They are active through most of the year on 
sunny days, reducing their activity from mid November to February (Carretero et al., 
2006). Juveniles hatch between June and August and reach maturity in one to two years 
(Galán, 2004). Individuals are considered adults if their snout-vent length (SVL) is higher 
than 47.79 mm for males (Carretero et al., 2006) and 46.11 mm for females (Carretero, 
unpublished data). 
Soil pesticide concentrations 
Soil samples were collected for screening of a list of pesticides and metabolites of 
present or past use and analyzed by LCMS-MS (Liquid chromotography-tandem mass 
spectrometry). The screening list included: 1) chemicals currently used in corn fields in the 
area of study and some of their metabolites (glyphosate, bentazone, dicamba, 
dimethenamid, alachlor, terbuthylazine, desethylterbuthylazine, mesotrione, chlorpyrifos, 
linuron); 2) products used in the recent past in corn fields and their metabolites or which 
are regarded as persistent (atrazine, desethylatrazine, heptachlor, lindane) 3) other 
chemicals of concern in the area because of their intensive use, as signaled by the 
Direcção-Geral de Agricultura e Desenvolvimento Rural (2,4-D). 
Sampling was performed on two occasions in 2009, before and after spring 
pesticide application by the farmers. Soil was sampled every 50 m along the walls, on 
both sides, with at least 4 replicates per site. The samples were preserved in clean, new 
200 ml glass vials, covered with Parafilm® and sent for analysis (Marchwood Scientific 
Services, Southampton UK). The samples were air dried and ground and a 2 g 
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representative sample was extracted with 20 ml of acetonitrile (containing 1% acetic acid). 
This was followed by a partitioning step with magnesium sulphate and a subsequent 
buffering step with sodium acetate. After mixing an aliquot with methanol, the extract was 
injected into the LCMS-MS (Agilent 6410 Triple Quad LCMS-MS) without any clean up. 
Standards were prepared in solvents at seven levels with recoveries in the range 70-
120% (Level of Detection - 0.5 µg). 
Lizard sampling methods 
Each of the localities were occupied by a subpopulation as defined by Wells and 
Richmond (1995). The six subpopulations were sampled during two seasons (spring and 
autumn) over two consecutive years - 2008 and 2009. Sites were revisited over three days 
in each season to ensure that a high proportion of the individuals were sampled (two days 
in the case of subpopulations Exp 2 and Exp 3 in spring 2009). Sampling occurred during 
all day to ensure that captures were not biased towards either sex or juveniles, which tend 
to be active at different times of the day (Galán 2004). Some bias towards the more 
conspicuous males was expected, but we believe it was uniform across all sites and 
sampling times. At each visit, individuals were captured by noose or hand, marked 
individually by toe clipping and with non-toxic marker paint and released, noting gender, 
reproductive condition, snout-vent length (SVL, to the nearest 0.1 mm), body mass (to the 
nearest 0.1 g on a Pesola scale) and size class. Animals were visually inspected for tail 
break and infection by ectoparasites. Digital photographs of the ventral side were taken 
for analyzing asymmetries in scalation. Where there was ambiguity in determining gender 
(i.e. subadults and juveniles), sex was confirmed by counting the number of transverse 
rows of ventral scales; less than 28 in males, more than 28 in females (Kaliontzopoulou et 
al. 2005). Toe clipping has been considered the most appropriate method for marking 
small-sized lizards as it is less stressful than the most frequently recommended technique 
to replace it - microchip implantation (Langkilde and Shine 2006). Furthermore, toe loss is 
a common injury in natural subpopulations, and does not affect overall survival (Hudson 
1996). Care was taken so that the longest toe on the hind foot was never amputated and 
that at least two other toes always remain intact on each foot. 
Data analysis 
Population size and density (per 10 m) within each subpopulation was estimated in 
each sampling period assuming a closed population scenario using the Schnabel or 
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Petersen methodology (Krebs 1989). For the entire period of the mark-recapture study, 
the Jolly-Seber open population model was employed (Krebs 1989). Adult sex ratio was 
calculated for each subpopulation and a Pearsonʼs Chi-square test determined departure 
from the expected 1:1 ratio. 
For comparison of adult body size, estimated through the snout-vent length, SVL 
(see Meiri 2010), two statistics were used: mean body size, and the statistically more 
robust, mean asymptotic body size, estimated as the 80th percentile (P80) (Brown et al. 
1999). Asymptotic body size is a preferred statistic for comparative studies in which both 
sexes mature at small sizes because it is less affected by proximate factors than mean 
size (Brown et al. 1999; Stamps and Andrews 1992). Following Roitberg and Smirina 
(2006), we compared subpopulations, considering samples of adult males/females 
collected from the same site in both years and sampling seasons (2008 and 2009; spring 
and autumn). Mean asymptotic body size was estimated by bootstrapping (100 samples 
for each sample size). Mean body size and mean asymptotic body size were compared 
with a Kruskal-Wallis test, with mean SVL/SVL P80 as the dependent variable and 
sampling site or subpopulation of origin as the independent factor.  Body mass was 
compared through an analysis of covariance (ANCOVA) with sampling site as fixed factor 
and log SVL as the covariate. Tukeyʼs multiple comparisons Post-hoc tests were 
employed to test for significant differences when ANCOVA indicated significant 
differences. 
Fluctuating asymmetry (FA) in femoral pores has been widely used with lacertids 
as a biomarker of environmental stress (López et al. 2002; Crnobrnja-Isailovic et al. 2005). 
Femoral pores are easy to identify and count and as such are advantageous over other 
scalation parameters. Fluctuating asymmetry was estimated by triple independent counts 
of the number of femoral pores on both sides of the body in adults and juveniles and 
subtracting the counts of the right-hand side from counts of the left-hand side (R-L). 
Counting was done using photos and always by the same observer to avoid observer bias 
errors. Analysis of FA followed Palmer (1994); data were inspected for bad raw 
measurements (defined as errors of the operator during measurement or data 
introduction); abnormal individuals (individuals that have altered femoral pores because of 
other conditions); and outliers. Outliers were identified by the Grubbʼs test statistic (Zar 
1996). Measurement error (ME), the variability between replicate measurements, was 
estimated and compared to FA by analysis of variance (ANOVA) with sides and 
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individuals as fixed factors. Test for antisymmetry or directional asymmetry was not 
performed, as Podarcis lizards exhibit ideal FA without evidence of any of those 
conditions (Lima et al. 2008). Differences in absolute values of FA (|FA|) were tested 
using Leveneʼs test for heterogeneity of variances among subpopulations (Palmer 1994). 
Parasite prevalence was estimated as the percentage of infected lizards per size 
class and sex (males/females/subadults). Log-linear models were used to analyze 
simultaneously the effects of site, sex, and season on the presence of ectoparasites in 
adult lizards. We fitted different models to the data and analyzed the Pearson Chi-square 
statistics to choose the model that best describes the data. 
All statistics were performed in STATISTICA (version 7.0, StatSoft Inc., USA) PC 
package (Hill and Lewicki 2007). Assumptions of homogeneity of variance and normality 
were examined, and when data failed to meet these assumptions, transformations were 
performed to fit the data to normal distributions or equal variances where possible. 
Statistical significance was accepted at α = 0.05. 
Results 
Soil pesticide concentrations 
!
Figure 2 Average pesticide content of soils (µg/kg soil): seven herbicides were detected (LOD = 
0.5 µg/kg) – Pre and post pesticide application in 2009 presented as couplet bars (Exp – Exposed 
sites, Ref – Reference sites). 
Only products that had been recently applied in the fields were detected in our soil 
analyses, and all were herbicides, including the active substances mesotrione, 
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glyphosate, bentazone, dicamba, dimethenamid-p, alachlor, and terbuthylazine (LOD = 
0.5 µg, Figure 2). The following substances were not detected in our samples: 
desethylterbuthylazine, chlorpyrifos, linuron, atrazine, desethylatrazine, heptachlor, 
lindane and 2,4-D. 
 
Table 1 Summary of chemical and ecotoxicological properties of the detected products. 
Degradation Time (NP – non persistent, MP - moderately persistent) Classification of toxicity (? 
possible; C – carcinogen, ED – endocrine disruptor, RDE – reproductive/developmental effects) 
(PPDB, 2009).  
 Chemical Class Solubility (H2O 20 ºC mg/l) 
Volatility 
(25 ºC mPa) 
Degradation 
Time (50 days) 
Toxic 
classification 
Alachlor Chloroacetamide 240 2.9 14(NP) ?C ?ED ?RDE 
Bentazone Benzothiazinone 570 0.17 13 (NP) - 
Dicamba Benzoic acid 250000 1.67 8 (NP) ?RDE 
Dimethenamid-p Chloroacetamide 1450 2.5 11 (NP) ?C ?RDE 
Mesotrione Triketone 160 5.70x10-3 5 (NP) - 
Terbuthylazine Triazine 6.6 0.15 75.1 (MP) ?C ?RDE 
Glyphosate Phosphonoglycine 10500 0.0131 12 (NP) - 
 
Population parameters 
A total of 417 capture events (86 in site Exp 1, 40 in site Exp 2, 62 in site Exp 3, 73 
in site Exp 4, 80 in site Ref 1 and 76 in site Ref 2) including both captures and recaptures 
were recorded. Of these, 343 were unique individuals. Population size and density for 
each of the subpopulations in each sampling time was estimated through a closed model 
approach. No differences were found between exposed and reference subpopulations, but 
there was a seasonal difference. Subpopulation densities followed a general trend of more 
animals in autumn than in spring (Figure 3), with the exception of site Exp 4 in 2009. A 
reliable population size estimate for the entire period of the study, which would account for 
changes related with stochastic events, was not achieved. Adult sex ratio (deviations from 
1:1), considering animals collected on both years and sampling seasons, was significantly 
skewed in population Exp 4 and marginally non significant in subpopulations Exp 1 and 
Exp 3, with more males than females in the three subpopulations (Pearson Chi-square 
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tests, d.f. = 1: Exp 1 !2 = 2.9, p = 0.09; Exp 2 !2 = 0.4, p = 0.54; Exp 3 !2 = 3.5, p = 0.06; 
Exp 4 !2 = 6.0, p = 0.01; Ref 1 !2 = 1.4, p = 0.23; Ref 2 !2 = 2.0, p = 0.15). 
 
Figure 3 Mean densities of Podarcis bocagei in each site. Each bar represents the mean densities 
for two collecting seasons (2008 and 2009). Densities are based on either Schnabel or Petersen N 
estimates (Krebs 1989). Error bars represent standard deviations (n=2). Absence of an error bar 
for Exp 2-spring indicates that a density estimate could not be calculated for 2009. (Exp – Exposed 
sites, Ref – Reference sites). 
Body size measurements 
Subpopulation Exp 2 was not considered in the analysis of body measurements. 
This subpopulation had a low sample size (only 34 unique individuals), which impeded the 
calculation of an accurate statistic for the characteristics under analysis. For male SVL, 
the two statistics calculated (mean SVL and SVL P80) were highly correlated (r2 = 0.87, t-
test = 0.84, p = 0.46). For both parameters we detected a significant difference between 
subpopulations (Kruskal-Wallis mean SVL: H4,140 = 9.7, p < 0.05; SVL P80: H4,500 = 331.3, 
p < 0.001) (Figure 2). For mean SVL the post-hoc test could not detect which 
subpopulations were contributing to the difference, but a visual exploration of the data 
indicated Exp 3 and Ref 1. For P80 SVL, there were significant differences between all 
sites. For females, mean SVL and P80 SVL were not so well correlated (r2 = 0.70, t-
test = 2.57, p = 0.08). We could not detect any significant difference between 
subpopulations for mean SVL (Kruskal-Wallis H4,91 = 2.9, p = 0.58) but a significant 
difference was detected for SVL P80 between all subpopulations, except between Exp 1 
and Ref 1 (Kruskal-Wallis H4,500 = 265.6, p < 0.001) (Figure 2). 
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Figure 4 Mean SVL and SVL P80 of Podarcis bocagei adult females and males in the different 
subpopulations, considering all sampling periods. Error bars represent standard deviations. (Exp – 
Exposed sites, Ref – Reference sites). Distinct letters between sites indicate statistically significant 
differences (! P80 SVL p < 0.001; " P80 SVL p < 0.001). 
For male body mass, a significant difference was detected between the 
subpopulations (results not shown, ANCOVA Subpopulations: F4,114 = 2.8, p = 0.03). 
Despite the significance, the pos-hoc test could not discriminate which subpopulations 
were contributing to the observed difference. Because of the high heterogeneity of 
variances in female SVL we did not apply the test for female body mass. 
Fluctuating asymmetry 
Table 2 Mean number of femoral pores in the right (FPR) and left (FPL) side of the body in the 
individuals of the six subpopulations. Abs R-L - Absolute value of right minus left number of femoral 
pores. 
Site n Mean FPR Mean FPL Mean FP 
Mean 
Abs (R-L) 
Variance 
Abs (R-L) 
Exp 1 74 16.65 16.87 16.76 0.84 0.45 
Exp 2 33 17.83 17.89 17.86 0.61 0.35 
Exp 3 42 17.13 16.63 16.88 0.74 0.37 
Exp 4 61 17.28 17.39 17.34 0.74 0.41 
Ref 1 58 16.58 16.55 16.56 0.75 0.61 
Ref 2 62 16.32 16.33 16.33 0.79 0.46 !
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A visual inspection of the scatter plot of left vs right measurements revealed one 
outlier, which was not considered in the analysis. Between sides variation was 
significantly greater than measurement error (ANOVA Side x Individual: F1,329 = 14, 
p < 0.001). The mean number of femoral pores varied between 16.3 and 17.8 and the 
absolute difference between sides between 0.6 and 0.8 (Table 2). Leveneʼs test for 
homogeneity of variances did not show any difference between subpopulations or sexes 
(F11,318 = 1.1, p = 0.35). 
Ectoparasite prevalence 
Table 3 Results of the log-linear subpopulation prevalence of ectoparasites in Podarcis bocagei by 
season (spring, autumn), age (adults, subadults) and sex (females and males). 
 
Factor 
 d.f. 
Partial Chi-
sqr p 
Marginal 
Associations 
Chi-sqr 
p 
site 5 11.828 0.037 11.828 0.037 
season 1 0.686 0.407 0.686 0.407 
sex 1 3.744 0.053 3.744 0.053 
ectoparasites 1 19.819 <0.001 19.819 <0.001 
site x season 5 7.446 0.190 6.889 0.229 
site x sex 5 3.178 0.673 2.987 0.702 
site x ectoparasites 5 5.503 0.358 5.749 0.331 
season x sex 1 2.113 0.146 1.873 0.171 
season x ectoparasites 1 0.295 0.587 0.492 0.483 
sex x ectoparasites 1 4.063 0.044 4.626 0.031 
site x season x sex 5 4.600 0.467 4.136 0.530 
site x season x ectoparasites 5 3.086 0.687 3.523 0.620 
site x sex x ectoparasites 5 1.750 0.882 1.898 0.863 
season x sex x ectoparasites 1 1.463 0.227 0.767 0.381 
Automatic model (site, ectoparasites) 
Max. likel. 38.715 41 0.573 
Pearson 36.255 41 0.681 
Simplified model (sex-ectoparasites, site, 
ectoparasites) 
Max. likel. 30.345 39 0.838 
Pearson 27.278 39 0.921 
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Ectoparasites were all acarids. Ectoparasite prevalence varied between 27% - 
63% in females, 7% - 40% in males and 23% - 62% in subadults. Exp 4 lizards had the 
lowest infection rates. A log linear analysis was performed to distinguish simultaneously 
between the effects of site, sex and season of sampling on the prevalence of parasites in 
adults. The model that best described the data indicated that the prevalence of 
ectoparasites was similar between subpopulations and seasons but that sex significantly 
affected their presence (Table 3). Females have generally a higher prevalence of 
ectoparasites than males; in Ref 1 the prevalence was similar. 
Discussion 
Studies that convincingly demonstrate whether environmental contaminants have 
detrimental effects, or not, on natural reptile subpopulations are still lacking. In agricultural 
areas in southern Europe, lizards can be considered as valuable environmental indicator 
organisms, as they are conspicuous and have small home ranges. Exposure to pesticides 
occurs mostly through ingestion of contaminated food or soil, dermal exposure, and 
absorption by eggs from surrounding environments.  
All products detected on our sites were herbicides that had been used in the past 
two years by farmers. Several other pesticides that were used historically in the region 
and that would be expected to persist were not detected. For example, atrazine, which 
was intensively used in corn cultivation until the EU ban in 2007, and its main metabolite 
(desethylatrazine) were not detected, despite a relatively long residence time in soils 
(Huber 1993). In response to concerns for the environment and human health, modern 
pesticides have, as a generality, ʻevolvedʼ to degrade faster in the environment, be more 
specific in action, and thus, less toxic for non target organisms. This would allow 
populations to recover after their disappearance from soil. However, their continuous 
application in agricultural sites and the interaction of the different products used can put 
subpopulations at risk. As indicated by their presence prior to re-application in 2009, 
alachlor, terbuthylazine and dimethenamid-p seem to be the most persistent of the 
chemicals applied, and present themselves as unremitting chemical stressors for 
terrestrial fauna. Alachlor was detected in one of the reference sites and the source was 
unknown; it is probably the result of some cross-contamination through air from adjacent 
fields where pesticides were in use. No data are currently available for the effects of any 
of these products on reptiles. Data available for birds have classified them as slightly to 
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practically non toxic (PPDB 2009); however, in a recent survey of literature, reptiles were 
more sensitive than birds for more than 30% of the chemicals investigated (Weir et al. 
2010).  
For vertebrate species, it is expected that agriculture intensification will have major 
effects on abundances within populations rather than on overall biodiversity (Burel et al. 
1998). Several studies have found higher levels of activity and density of individuals in 
organic fields when compared to conventional systems (e.g Hole et al. 2005; Chamberlain 
et al. 2010). The majority of these studies have found that the effects of pesticides are 
mostly indirect, acting through changes in habitat quality related with different 
management practices. Although the use of pesticides is one of the characteristics of 
conventional agriculture, no direct correlation with increases in diversity or abundance of 
mammals or birds was found (Hole et al. 2005; Chamberlain et al. 2010). In the present 
study, the activity pattern of lizard subpopulations was highly irregular. Despite the high 
sampling effort, the overall rate of recapture was 15%, which made it difficult to estimate 
the overarching population sizes for the two year study period. Nonetheless, we estimated 
population size and density for each sampling period, which described an oscillatory trend 
in lizard abundance over the seasons for each field. Lizard density was higher in autumn 
than in spring because of juvenile recruitment. In subsequent months high mortality rate 
among these juveniles have been reported (Galán 1999, 2004). The subpopulation at Exp 
4 was the only population that did not follow this general trend; the autumn population (as 
proportion of the spring population) was lower. This was also the only subpopulation 
where the sex ratio was significantly different, with relatively few adult females captured in 
spring of 2009. Male biased capture rates are generally expected as males are usually 
more active and visible than females and the slightly skewed male:female ratio seen in all 
other sites does not reflect the usual sex ratio in these kind of studies. It is possible that 
the low number of females in 2009 and consequent low level of juvenile recruitment in 
2009 in Exp 4 occurred because of a stochastic event within the population, such as 
uneven predation, disease affecting only females or greater dispersal of juveniles.  
However, Exp 4 is also the field with the highest pesticide load, and we can speculate that 
the reduction in recruitment can be explained by mortality among females and/or lower 
recruitment in juveniles as a direct or indirect consequence of this exposure.  
Demographic studies have been suggested as appropriate tools to assess the total 
effects of pesticide exposure. Even so, obtaining accurate abundance estimates and 
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relating them with pesticide exposure is not an easy task, because slight variations in 
demographic parameters can influence population size. None of our study sites represent 
closed systems, and re-colonization from adjoining subpopulations is likely to be rapid if 
removal of individuals as a consequence of stochastic (e.g. a harsh winter or autumn) or 
anthropogenic events (e.g. pesticide exposure) opens up new opportunities for floating 
colonists (Amo et al. 2007). In our case, most of the adjoining subpopulations occupy 
similar areas where pesticides are in use; so all subpopulations are under the same type 
of stress. Nevertheless, population demography in our study cannot be considered as a 
very reliable or useful parameter to assess pesticide impact. Eventually long-term studies 
could overcome some of the problems we encountered. 
In the absence of clear population indices based on simple abundances of males, 
females and subadults, it is possible that long–term exposure to pesticides will still be 
reflected in changes in age structure. For example, lizards might not survive for so long in 
exposed sites. In a study with the toad Bufo viridis, Sinsch (2007) found that age at 
maturity in males and longevity and post-reproductive life span in females could be related 
with anthropogenic land use. Additionally, the hypothesis that older individuals were being 
removed from the population seemed to be the most probable explanation for a difference 
in population age structure in bullfrogs inhabiting contaminated agricultural sites (Spear et 
al. 2009). In a parallel skeletochronological study, we distinguished different age 
structures in the studied subpopulations but we could not detect any clear relationship 
between herbicide application and a differentiated age structure (Amaral, unpublished 
data). Alternatively, if energy needs to be re-allocated to detoxification processes as a 
response to an increase of chemical stressors in their environment, then this might be 
reflected in maximum body size attained during a lizardʼs life. Generally, the 
subpopulations differed in terms of their body size measurements for both females and 
males. Nevertheless, these differences did not seem to be correlated with herbicide 
exposure. Changes in size, can reflect differences in growth rates but factors that affect 
body size have not been well studied. It is considered that body size is affected by 
processes that differ from those affecting others aspects of animal morphology (Brown et 
al. 1999). Factors known to influence body size are the size of the mother and conditions 
during egg incubation (Braña and Ji 2000). P. bocagei, like other oviparous lacertids, 
deposit their eggs in nests in soil. Egg deposition and incubation occurs during the period 
when pesticides are being applied in the fields. Exchange of gasses and water with soil 
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during egg incubation can expose them to chemical contaminants. Marco et al. (2004) 
found that fertilizers had a negative impact on hatchling body length in two Podarcis 
species. We did not study the hatchling parameters in our subpopulations but we can 
hypothesize that they might be adding noise to our body size results. 
Considering that no inbreeding processes are taking place in this population 
(Pinho et al. 2007), fluctuating asymmetry is another morphological characteristic that can 
be related with developmental instability during the ontogeny of an individual and 
ultimately be indicative of population stress (Sarre 1996) and proximity to pollution 
sources (Eeva et al. 2000). In our study, no clear differences in FA in femoral pores were 
found between the subpopulations. Our results are in accordance with another study that 
found no differences in indices of FA in femoral pores of different subpopulations of the 
lacertid Psammodromus algirus exposed to a heavy metal spill (Márquez-Ferrando 2008). 
Other environmental factors, like egg incubation temperature (Zhdanova and Zakharov 
2006) may have stronger effects on FA than pollutants. 
In the present study, we also could not detect any differences in parasite presence 
between the subpopulations. From an ecological perspective, parasite abundance and 
diversity could be reduced in areas where pesticides are in use (Marcogliese et al. 2005). 
Alternatively, because exposure to some pesticides is suspected to affect immune 
responses in some taxa, including amphibians (reviewed in Mann et al. 2009) and 
mammals (Udoji et al. 2010), it can result in higher infection rates (Carey et al. 1999). 
None of these scenarios were evident and the only difference observed was related with 
sex, with females having generally higher prevalence of ectoparasites.  
In general, we detected few statistically significant differences between the 
exposed and reference subpopulations. At least three different scenarios can be proposed 
to explain the apparent absence of observable effects on population parameters. First, the 
lack of differences may be because at the concentrations present within the sites these 
pesticides have no observable effects upon individuals. As indicated earlier, modern day 
pesticides are increasingly more specific in action, thus reducing the likelihood of effects 
on non target organisms. Eventually, if more potent pesticides, especially insecticides our 
results could be different. Second, individuals might have adapted to local stress 
conditions and therefore survival can be related with acquired natural resistance to 
contaminants. Third, ultimately, other non toxicological variables can mask pesticide 
effects. 
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To fully understand the impact of a contaminant under field conditions it is 
important to consider also potential impacts of natural stressors. In some of our study 
sites, other lizard species of larger size that can act both as competitors (when juveniles) 
and predators (when adults) were also present (Lacerta schreiberi and Timon lepidus). 
Predation pressure was probably identical within all sites as several snake and bird 
species were observed in the sites or close vicinity. The presence of higher level predator 
species, in particular snakes that have less mobility, might be indicative that contaminant 
effects are not severe. Also, farming practices varied slightly between fields, and these 
could be expected to influence habitat quality. Reductions in habitat quality have been 
related with changes in invertebrate communities and consequently in food availability for 
vertebrates (Moreby and Southway 1999). Nevertheless, in a parallel study, we found that 
even if some of the sites could be more favourable than others to Podarcis 
subpopulations, all fields supported arthropod communities sufficient to sustain these 
subpopulations (Simão 2011).  
The detectability and activity levels of many reptiles, (highly dependent on survey 
season), daily timing and environmental conditions have been pinpointed as reasons for 
the lack of field studies in reptile ecotoxicology (Sánchez-Bayo 2011). However, the main 
reasons for this knowledge gap are probably related with the non existence of protocols 
and model species for this group as there are for other vertebrates. Moreover, the 
exposure and effects parameters that have been used in the past with other species do 
not seem the most adequate or applicable to lizard populations in agricultural scenarios. 
For example, effects in reproductive parameters impacted population dynamics in 
alligators exposed to endocrine disruptor contaminants (Guillette Jr et al. 2000). However, 
under agricultural field conditions these parameters are not easily detected for lacertids, 
as they hide the eggs in soil inside the walls at the margins of the fields. Reliable effect 
parameters need to be found, especially for field situations.  
Field studies should aim to detect correlations rather than effects, as they are not 
able to explain the complexity of field situations and can only tell us what is happening at 
a given time and place. Nevertheless, the absence of observable effects on field 
subpopulations is indicative that lizard subpopulations are able to cope or compensate for 
this level of exposure. In fact, Podarcis bocagei was the most widespread reptile species 
in this region, surviving in the disturbed agricultural and peri-urban landscape while other 
species disappeared (Ribeiro 2011). It can be assumed that this species is either 
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inherently tolerant to the chemicals in their environment or have adapted to the stresses in 
the agricultural landscape over time. However, considering that there were observable 
effects at the level of the individual animals, a set of individuals from exposed and 
reference subpopulations were collected and brought to the lab for measurement of 
specific biomarker responses. The results of these tests are presented in a companion 
paper (Amaral et al. 2012). 
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Abstract 
As part of a wider study examining the impacts of corn pesticides on lacertid 
lizards in north-western Portugal, we examined various physiological, biochemical, and 
histological biomarkers of exposure and effect among field populations of Podarcis 
bocagei. Biomarkers included body condition index, standard metabolic rate, locomotor 
performance, parasitisation, glutathione oxidative pathways and related enzyme activity, 
lipid peroxidation and liver and testis histology. Few of the various biomarkers investigated 
provided statistically significant evidence of toxic effect. However, using a weight of 
evidence approach, we conclude that pesticides are affecting lizards living in the vicinity of 
pesticide exposed corn agriculture sites. Lizards from these locations present a profile of 
animals under metabolic stress with reduced condition indices, increased standard 
metabolic rate, lower incidence of hepatocyte vacuolation, altered iron metabolism, 
increased activation of GSH oxidation pathways, and even increased prevalence of 
hemoparasites.  
Introduction 
Lizards have been proposed as ideal sentinels of pollutant induced environmental 
changes, especially in areas where they are abundant, diverse and have a significant role 
in ecosystems (reviewed in Lambert, 1999, 2005). Even so, less than 1% of the 
publications in vertebrate ecotoxicology refer to studies with reptiles and the majority of 
these focus on turtles or crocodiles (reviewed in Sparling et al., 2010). Moreover, most 
studies report only contaminant tissue residue levels and have failed to relate them with 
the environmental concentrations of the different contaminants and/or the effects of those 
internal concentrations on individual well being (Hopkins, 2006).  
Contaminant effects can be examined at various levels of biological organization, 
ranging from subcellular expression of proteins up to the viability of populations and 
ecosystems (Peakall, 1994). Modifications at the population level are usually the crucial 
focus for ecologists and perceived changes are often the impetus for further studies. 
Nevertheless, works that examine the effects of contaminants on wild populations are 
scarce and the lack of data might imply that populations are not being adequately 
protected (Banks and Stark, 1998). Population effects, where they occur as a direct 
consequence of exposure to contaminants, generally reflect changes at an individual or 
subindividual level (Albers et al., 2000; De Coen et al., 2000). Exposure to pollutants has 
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been shown to influence an organismʼs morphology, physiology, metabolism, and/or DNA 
integrity, and thus affect its individual ability to acquire resources, grow and reproduce (De 
Coen et al., 2000; Mitchelmore et al., 2006). Pesticides are one of the main contaminants 
of concern to the terrestrial environment, and although data on the effects of pesticides in 
reptiles are scarce, some have detrimental effects on lizard species even at 
recommended application dosages (e.g. Alexander et al., 2002). Even though a 
substantial body of knowledge about reptile physiology and ecology exits, few exposure 
and effect endpoints have been applied to reptile species and frequently they have been 
adapted from other vertebrate groups (reviewed in Mitchelmore et al., 2006).  
Several authors have proposed integrated approaches with biomarkers at different 
levels of organization to assess contaminant impacts (Brouwer et al., 1990; Moore and 
Simpson, 1992; Mann, 2005; Mitchelmore et al., 2006). However, information about the 
impact of pesticides on reptiles is fragmentary and often contradictory. For example, most 
studies with reptiles have not detected changes in Condition Indices (CIs) caused by 
exposure to contaminants (Overmann and Krajicek, 1995; Hopkins et al., 2002). However, 
McFarland (2008) noticed a weight alteration in several organs of Sceloporus occidentalis 
exposed to trinitrotoluene. CIs have been related with an individualʼs physiological status, 
or more specifically its nutritional state; thus it could be expected that a decrease in 
energetic reserves could influence survival and reproductive success of individuals (van 
der Oost et al., 2003; Schulte-Hostedde et al., 2005). On the other hand, effects of 
contaminants on locomotor performance and metabolic energy consumption have been 
demonstrated experimentally in reptiles (Holem et al., 2006; Hopkins and Winne, 2006; 
DuRant et al., 2007a, b). Locomotor performance can be considered a culmination of 
several physiological processes and can play a critical role in an animalʼs ability to acquire 
food, avoid predators, successfully mate or defend territories (Bauwens et al., 1995; 
Holem et al., 2006; Lailvaux and Irschick, 2006). While, the activation of energetically 
demanding physiological responses (cellular repair mechanisms and increased transport 
and excretion of contaminants) and metabolic energy consumption can lead to an 
increase in oxygen consumption (Hopkins et al., 1999).  
At a subindividual level biochemical biomarkers have been used to demonstrate 
contaminant exposure and effects in other groups but have rarely been applied in reptiles. 
This is the case for example, of alterations in antioxidant molecular and enzymatic 
systems that have been proposed as sensitive exposure biomarkers of cellular oxidative 
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stress in mammals, fishes and amphibians (van der Oost et al., 2003; Abarikwu et al., 
2010; Jones et al., 2010; Koivula and Eeva, 2010). Nevertheless, in reptiles the majority of 
these responses have centred in changes related with overwintering and anoxic 
conditions (Mitchelmore et al., 2006). Morphological alterations in liver, kidneys and 
reproductive tissues on the other hand, have been related with contaminant exposure in 
reptiles (e.g. Özelmas and Akay, 1995; Guillete Jr. et al. 1994). Still, further studies are 
also needed to best understand reptile responses in different conditions and to different 
contaminants. 
To our knowledge no studies have thoroughly examined the impacts of modern 
pesticides, and in particular herbicides, on lizards by the use of multiple biomarkers, 
covering multiple levels of biological organization. The main goal of our study was to 
assess if Podarcis bocagei, an abundant lacertid in NW Iberian Peninsula, can be used as 
a suitable bioindicator of pesticide exposure and toxicity in areas of intensive agriculture. 
We have adopted a tiered approach that examined: 1. demographics and morphological 
aspects of natural field populations, the details of which are described in a companion 
paper (Amaral et al., submited); and 2. subindividual biomarkers of exposure and toxicity, 
the results of which are presented in this study. 
Methods 
Animal sampling and maintenance 
All lizards used for this study were collected from four agricultural areas in 
northwestern Portugal in November 2009, before the hibernation period. The animals 
were collected from different sites to minimize population disturbance. The collection 
localities included two sites used for corn growing where a set of pesticides was applied 
(Exposed – Exp 1 and Exp 4) and two organic farming sites (Reference – Ref 1 and Ref 
2). The reference sites were a pasture and an organic farming field (several cultures) with 
no history of chemical application, 20 km east of the exposed sites. Both locations were 
rural settings with similar geologies, soil types and climates, with no other known sources 
or histories of contamination. The predominant chemicals detected in the soils of exposed 
sites were alachlor, bentazone, dicamba, dimethenamid-P, mesotrione and terbuthylazine. 
Legacy chemicals such as organochlorines or persistent triazines were not detected. A 
description of the collection sites, including the soil-pesticide profiles is provided in a 
companion paper (Amaral et al., submited). 
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A total of 37 adult male P. bocagei (ten from each locality, except for Ref 2) were 
caught by noose or hand, transported to the University of Aveiro and housed individually 
in glass terrariums (40 x 20 x 25 cm) in a climate control room. Each terrarium contained a 
terracotta vase (! = 16 cm) that provided a refuge and basking location. Heating was 
provided by a 25 W incandescent lamp (8 h/d) creating a thermal gradient in the terrarium 
(25 – 35 ºC). Ambient temperature was maintained at 22 ± 1 °C. Lighting in the climate 
room was provided by natural sunlight, fluorescent lighting (2 x 40 W) and a high-pressure 
sodium lamp (400 W, 7000 - 12 000 Lx) for 12 h/d. Water was provided in shallow dishes 
and renewed every 2-3 d. Animals were acclimatized for five days before the start of the 
individual experiments. During this period animals were fed mealworms (Tenebrio molitor 
L.). Biomarkers assessed at the individual level included: 1. body condition index; 2. 
locomotor performance; 3. standard metabolic rate; and 4. predatory behavior (described 
elsewhere). Following the live animal bioassays (35 days after collection), animals were 
weighed, killed by cervical dislocation and dissected. Blood, brain, intestine, kidney, liver, 
testis and thyroid were removed for analysis of the following biomarkers: 1. liver condition 
index; 2. prevalence and intensity of intestinal and hemoparasites; 3. enzymes involved in 
the glutathione redox cycle and glutathiones (intestine and liver); 4. lipid peroxidation 
(intestine and liver); 5. histopathological alterations (liver and kidney); and 6. histological 
and immunochemical analysis of thyroid-testis axis (described elsewhere).  
Condition indices 
When lizards were first brought into the lab, snout-vent length (SVL) and body 
mass were measured. The general condition of individual lizards was assessed by 
calculating the Residual Index, based on the residuals from a regression of ln-transformed 
body mass against SVL (Brown, 1996). An analysis of covariance (ANCOVA) was used to 
detect differences between individuals from exposed and reference sites, with body mass 
as dependent variable, type of field (pesticide exposed or reference) as the independent 
variable and SVL as covariable. After dissection, livers were weighed and mean ln-
transformed liver mass, corrected for mean ln-transformed body mass, of individuals from 
the exposed and reference populations were compared with an ANCOVA. Values of p < 
0.05 were considered significant in these and the other analyses. 
Locomotor performance 
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Locomotor performance (sprinting, climbing and clambering) was evaluated by 
measuring lizard maximum velocity on three different running tracks. Each lizard was 
fasted for 48 h before the start of the experiment, then weighed, warmed to its optimal 
temperature (33 ºC) (Amaral, unpublished data) and raced three times with at least a 1-h 
rest interval between trials. Lizards were hand chased through the track and trials were 
recorded with a video camera (Sony/DCR-HC46 – 25 frames per second), velocities were 
calculated over each 0.10 m interval. Videos were analysed with video frame capture 
software (FrameShots, EOF Productions). Sprint speed was evaluated by measuring the 
velocity of lizards on a 2 × 0.1 m sprint track with a cork substrate. Climbing speed was 
assessed using a 1 × 0.1 m cork sprint track tilted at a 70º angle. Clambering speed was 
estimated on 1 × 0.1 m sprint track tilted at a 70º angle covered with a plastic mesh (mesh 
size = 2 mm) to mimic a vegetation matrix. Following Holem (2008), we calculated mean 
maximum speed (MMS) as the average of the fastest 0.10 m interval in each of the three 
replicate sprints, and maximum speed (MS) as the fastest 0.10 m interval for each type of 
track. In some trials the lizards did not run continuously, these trials were not included in 
the analysis and the trial was repeated after a 1 h rest period. Quantitative velocity data 
were examined for statistically significant differences (α = 0.05) between exposure groups 
using MMS or MS as dependent factors in an ANCOVA with type of exposure (exposed, 
reference) as independent variable, and ln-transformed body mass and ln-transformed 
SVL as covariates for each type of race. 
Standard metabolic rate 
Standard metabolic rate (SMR), the metabolic rate of an inactive lizard, was 
measured in post-absorptive lizards (fasted for 2-3 days, water provided); a prerequisite 
condition for SMR measurements (Bennet and Dawson, 1976). The lizards were placed in 
covered acrylic tubes (230 cm3) connected to 12 channels of a respirometer (Analytical 
Developments Co. Ltd, ADC-225-MK3, Hoddesdon, England) housed in a constant 
temperature room (22 ± 1 °C). An open flow system was employed with a flow rate of 250 
ml/min. Flow rate and CO2 production were recorded at 30 min intervals during the night, 
when the animals are inactive and assumed to be in a resting state. Lizards were weighed 
and randomly assigned to four test groups and a test channel. The lowest 50% of 
measurements for each individual, corresponding to 18 sequential measurements of CO2 
production representing 9 h during the night, were averaged and used to calculate the 
molar quantity of oxygen usage by each individual lizard (assuming a respiration quotient 
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of 1:1). A first run with empty channels and one empty channel during each run served to 
zero the apparatus. To linearize the relationship between body mass and O2 consumption, 
data were ln-transformed for all the analyses. Data were plotted as mean ln (O2 
consumption) against ln-transformed body mass (Dorcas et al., 2004). Regression 
analyses were used to fit lines to exposed and reference data. To examine the effect of 
pesticide exposition and body mass on SMR, a separate slopes model ANCOVA, with ln-
transformed body mass as covariate was used. We used a separate slope model because 
the groups of lizards have different SMR-mass regression lines.  
Prevalence and intensity of parasites 
A blood smear was prepared for each animal, dried at room temperature, fixed in 
methanol for one minute and stained with Giemsa (Telford, 2009). Slides were scanned 
for extraerythrocytic and intraerythrocytic parasites and their prevalences were calculated 
as the percentage of infected lizards for each type of exposure. Parasite intensity was 
estimated as the percentage of infected erythrocytes in 2000 cells (Amo et al., 2005). An 
ANCOVA was performed to test for significant differences (α = 0.05) in parasite intensity 
between lizards from exposed and reference sites, considering SVL as a covariate. 
Intestine was rinsed with distilled water under a stereomicroscope. The internal 
contents were fixed in 70% ethanol prior to examination. Helminths were isolated, washed 
in distilled water, fixed in 96% ethanol and mounted in glycerol according to the 
techniques described by Jorge et al. (2011). Parasites were identified to family and where 
possible, genus level. 
Subindividual biomarkers 
Frozen samples of liver and intestine were thawed on ice. All tissues were 
homogenized in 0.1 M Tris-HCl, 0.25 M sucrose and 1 mM EDTA (pH = 7.6) buffer. 
Homogenates were centrifuged at 10 000g for 20 min at 4 ºC to obtain the post-
mitochondrial fraction (supernatant). For the determination of reduced and oxidized 
glutathione content, a 100-µL aliquot of the supernatant was immediately deproteinized by 
addition of 100 µL of 10% trichloroacetic acid. Proteins were then removed by 
centrifugation (10 000g for 5 min at 4 ºC) and the acid supernatant was preserved at -
80 ºC until determination of reduced and oxidized glutathione. The rest of the supernatant 
was preserved at -80ºC until enzymatic assays.  
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Glutathione S-transferase (GST, EC 2.5.1.18) was determined 
spectrophotometrically by the method described by Habig et al. (1974). The reaction 
medium was 920 µL 100 mM Na-phosphate buffer (pH = 6.5), 20 µL 50 mM 1-chloro-2,4-
dinitrobenzene, 50 µL 100 mM reduced glutathione and 10 µL of sample (5 µL of sample 
in liver). Kinetics was measured for 1 min at 340 nm and tissue activity was expressed as 
mU mg-1 protein using a millimolar extinction coefficient of 9.6 mM-1 cm-1. Glutathione 
reductase (GR, EC 1.6.4.2) activity was measured according to Ramos-Martinez et al. 
(1983). The reaction medium was 915 µL 100 mM Na-phosphate buffer (pH = 7.0), 25 µL 
2.4 mM NADPH, 50 µL 20mM oxidized glutathione and 10 µL of sample (20 µL for liver). 
The decrease in absorbance at 340 nm due to NADPH oxidation was measured for 1 min. 
Tissue GR activity was expressed as mU mg-1 protein using a millimolar extinction 
coefficient of -6.22 mM-1 cm-1. Glutathione peroxidase (GPx, EC 1.11.1.9) activity was 
extremely low in intestine so it was only determined in liver. The glutathione disulfide 
(oxidized form) formed during the GPx-mediated reaction was converted to its reduced 
form by the glutathione reductase, and the consumption of NADPH was monitored at 
340 nm for 1 min (Lawrence and Burk, 1976). The reaction mixture was composed by 
658 µL 100 mM Na-phosphate buffer (pH = 7.5), 40 µL 40 mM reduced glutathione, 32 µL 
6 mM NADPH, 20 µL cumene hydroperoxide, 30 µL glutathione reductase and 20 µL of 
sample. Glutathione peroxidase activity was expressed as mU/mg protein. All kinetics 
were carried out at room temperature (20-22 ºC) and blanks (reaction mixture free of 
sample) were periodically read for checking non-enzymatic reaction and enzyme activity 
was then corrected. Protein concentrations were determined by the Bradford method 
(Bradford, 1976) using bovine serum albumin (BSA) as a standard.  
Reduced and oxidized glutathione levels were fluorimetrically determined 
according to the method by Hissin and Hilf (1976). To determine the reduced glutathione, 
acid supernatant was firstly diluted (1:10, dilution factor) with Na-phosphate-EDTA buffer 
(pH = 8.0). A 100-µL aliquot of the diluted sample was then mixed with 1.8 ml of Na-
phosphate-EDTA buffer and 100 µL of 1 mg ml-1 ortho-phthalaldehyde (OPA). The 
derivatization reaction was incubated at 20-22ºC for 15 min and the fluorescence 
measured at EX/EM = 350/420 nm. To determine oxidized glutathione concentration, 
50 µL of the acid supernatant were treated with 40 µL of 40 mM NEM (N-ethylmaleimide) 
to prevent oxidation of glutathione. The mixture was incubated at room temperature for 
20 min, and then 910 µL 1 N NaOH was added. A 100 µL aliquot was mixed with 1.8 ml of 
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1 N NaOH and 100 µL of 1 mg ml-1 OPA. The reaction mixture was incubated at 20-22 ºC 
for 15 min and fluorescence was read as for reduced glutathione. Standard solutions of 
reduced (3.27 to 327 nmol ml-1) and oxidized (1.62 to 82 nmol ml-1) glutathione were 
prepared in 0.1 M Na-phosphate-EDTA (pH = 8.0) and handled in the same way as the 
samples.  
Lipid peroxidation (LPO) was estimated by the formation of TBARs according to 
the method of Ohkawa et al. (1979). An aliquot of 25 µL of the post-mitochondrial fraction 
was added to a mixture of 25 µL 8.1% sodium dodecyl sulfate, 187.5 µL of 20% acetic 
acid and 187.5 µL of 0.8% aqueous solution of TBA (thiobarbituric acid). The mixture was 
completed with 75 µL of water and incubated at 95 ºC for 1 h using a thermoblock. The 
samples were placed on ice for 10 min and 200 µL of distilled water and 700 µL of a 
mixture of n-butanol:pyridine (15:1 v/v) were added. The tubes were vigorously shaken 
and centrifuged at 4000 rpm and 4 ºC for 10 min. The absorbance of the upper organic 
layer was read at 532 nm. Lipid peroxidation was expressed as nmol TBARs/mg protein 
using a millimolar extinction coefficient of 156 mM-1cm-1. 
Comparison of the different biomarkers between individuals from reference and 
exposed locations was done with a t-test; when necessary, data were ln-transformed to 
ensure normality. A Manova based on the Hotellingʼs T-square was used to compare 
simultaneously all biomarkers per tissue between lizards from exposed and reference 
areas.  
Histopathological analysis 
Liver and kidney were fixed in Davidsonʼs solution for 24h. Tissues were then 
washed and stored in 70% ethanol until further processing. Tissues were embedded in 
paraffin in an automated tissue processor (Microm® STP 120) and 2 µm sections cut on a 
rotary microtome (Leica® RM 2035). Several staining techniques were employed prior to 
examination under a light microscope (Olympus® BX51). Tissues were stained with 
Hematoxylin and Eosin (H&E) for routine examination; with Massonʼs trichrome to 
demonstrate fibrosis; with Periodic acid-Schiff (PAS) for the presence of lipids and sugars; 
and with Perlsʼ Prussian Blue for iron pigments (Bancroft and Stevens, 1996). One 
representative section per sample was scanned at 400x magnification. This generally 
involved an examination of at least 20 fields of view. The incidence of histopathological 
changes was classified through a semi-quantitative scoring system: 0 – normal tissue, 1 - 
changes in less than 50% of the section, 2 - changes in more than 50% of the section. 
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The proportion of individuals exhibiting the different lesions among exposed and reference 
sites were compared using Fisherʼs Exact Tests (Zar, 1996). We used a multiple 
correspondence analysis (MCA) to graphically present of our data and understand the 
relationships among the different changes and their incidences according to type of 
exposure.  
Multivariate analysis 
We used discriminant analysis (using the forward stepwise procedure, tolerance = 
0.01) to predict group membership. The stepwise procedure uses statistical criteria alone 
to select the variables that should enter the model to predict to which group 
(Exposed/Reference) our individuals belong. Only normalized variables were included in 
the analysis. Variables that were analysed with co-variables in the univariate analysis 
were transformed to their residuals. Missing values were replaced with the mean for that 
variable. 
Results 
Condition indices 
Animals from reference locations had a significantly better health condition than 
individuals from the exposed sites. Specifically, they had a higher body mass when 
compared with animals from exposed populations after adjustment for SVL (Figure 1a, 
ANCOVA Treatment: F1,34 = 5.62, p = 0.023). 
No significant difference was observed in liver weight between individuals from 
exposed and reference sites (data not shown; ANCOVA Treatment: F1,31 = 0.04, 
p = 0.847). 
Locomotor performance 
Normality was not always attained for speed variables. Taking into consideration 
the skewness and kurtosis estimates we considered that the departure from normality of 
the ln-transformed variables was not severe and that we could precede with the analysis 
without resorting to non-parametric statistics. 
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Figure 1 a) Body condition of Podarcis bocagei from exposed and reference agricultural sites. 
Body condition index are residual scores from the linear regression of ln-transformed body mass vs 
ln-transformed snout-vent length. Box plots show 10th, 25th, median, 75th and 90th percentiles, 
and outliers (n = 20 exposed; n = 17 reference). The asterisk indicates a statistically significant 
difference (ANCOVA; p < 0.05). b) ln-transformed SVL (mm) for Podarcis bocagei from exposed 
and reference agricultural sites plotted against ln-transformed liver biomass (g) (n = 18 exposed; 
n = 16 reference). 
 
Figure 2 Mean maximum speed (m/s) for Podarcis bocagei from exposed and reference 
agricultural sites in each type of racing track (sprint, climbing and clambering). Bars represent 
means + standard error; (n = 20 exposed; n = 17 reference). 
Sprint speed was slightly reduced in individuals from exposed locations, but both 
mean maximum sprint speed (Figure 2, ANCOVA Treatment: F1,33 = 0.24, p = 0.629) and 
maximum sprint speed (data not shown; ANCOVA Treatment: F1,33 = 0.29, p = 0.591) 
were not significantly influenced by exposure to herbicides. Likewise, even though there 
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was a slight increase in climbing speed in lizards from exposed sites, there was no 
significant variation in mean maximum climbing speed (Figure 2, ANCOVA Treatment: 
F1,33 = 0.60, p = 0.445) or maximum climbing speed (figure not shown; ANCOVA 
Treatment: F1,33 = 0.02, p = 0.965). Clambering speed was also not influenced by 
exposure to herbicides and no differences were observed for the two variables under 
study, mean maximum clambering speed (Figure 2, ANCOVA Treatment: F1,33 = 0.01, 
p = 0.925) and maximum clambering speed (data not shown; ANCOVA Treatment: 
F1,33 = 0.04, p = 0.844).  
Standard metabolic rate 
 
Figure 3 a) Mean oxygen consumption rates for Podarcis bocagei among lizards sampled from 
exposed and reference agricultural sites. Bars represent means + standard error; (n = 20 exposed; 
n = 16 reference). b) Mean ln-transformed oxygen consumption rates (µmoles/hour) for Podarcis 
bocagei from exposed (Exp 1 and Exp 4) and reference (Ref 1 and Ref 2) agricultural sites plotted 
against ln-transformed body mass (g). All measures were taken from post-absorptive lizards at 
22 ºC (n = 10 Exp 1; n = 10 Exp 4; n = 9 Ref 1; n = 7 Ref 2). 
Mean SMR among animals collected from the exposed agricultural sites was 
elevated by 32% (10.1 ± 1.15 µmole h-1, mean ± SE) when compared with animals from 
reference sites (7.6 ± 0.83 µmole h-1, mean ± SE) (Figure 3a). An analysis of covariance 
with body mass as the covariate indicated a marginally insignificant result (Figure 3a, 
Separate Slopes Model ANCOVA Treatment: F1,32 = 3.74, p = 0.062). Because lizards 
were collected from two different exposed sites with different soil pesticide profiles 
(Amaral et al., submited), we also examined separately the sub-population of origin 
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(Figure 3b). Mean SMR was similar between populations Exp 1 (8.2 ± 1.40 µmole h-1, 
mean ± SE) and Ref 1 (8.8 ± 0.98 µmole h-1, mean ± SE) but significantly different 
between animals from Exp 4 (12.0 ± 1.68 µmole h-1, mean ± SE) and Ref 2 (5.7 ± 0.98 
µmole h-1, mean ± SE) (Figure 3b, ANCOVA Treatment: F3,27 =3.3, p = 0.04). In the 
exposed animals the SMR values were independent of size, but in reference populations 
the differences occurred mainly in small sized animals. 
Blood and intestinal parasites 
Prevalence of infection by blood parasites for individuals from exposed areas was 
89% and slightly lower for animals from reference areas, 71%. Hemogregarines were the 
main parasite type but one specimen contained a different parasite, which probably 
belongs to Sauroleishmania Ranque, 1973 (Trypanosomatidae, Trypanosomatida) 
according to its morphology. The intensity of infection ranged from 1 to 108 parasites in 
2000 erythrocytes for individuals from exposed sites (20.5 ± 6.85, mean ± SE) and 1 to 15 
for animals from reference sites (5.3 ± 1.38, mean ± SE). Animals from exposed sites 
have significantly more parasites than animals from reference sites (Figure 4, ANCOVA 
Treatment: F1,25 = 5.2, p = 0.03). 
Only one intestinal parasite from the Pharyngodonidae family was found in a lizard 
from an exposed site. 
 
Figure 4 Intensity of infection by haemoparasites per 2000 erythrocytes for Podarcis bocagei 
(n = 18 exposed; n = 17 reference). 
Sub individual biomarkers 
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For both tissues we did not detect any significant differences in the levels of the 
glutathione-dependent enzymes between animals from reference and exposed sites 
(Table 1). For glutathiones there was no difference in intestine. However, we found a 
significant difference between lizards from the different locations when we compared the 
reduced glutathione concentrations (Studentʼs t-test, t = 2.97, p = 0.005) and the ratio of 
reduced to oxidized glutathione (Studentʼs t-test, t = 2.79, p = 0.009) in the liver. The liver 
of lizards collected from the exposed agricultural areas had a lower concentration of 
reduced glutathione than lizards from reference areas. We did not find clear signs of lipid 
peroxidation in intestine and liver of analyzed individuals (Table 1). 
Table 1 Mean (± standard deviation) activity of glutathione-dependent antioxidant enzymes and 
glutathione concentrations in brain, intestine and liver of Podarcis bocagei from reference and 
pesticide exposed areas. aGST – glutathione S-transferase, GR – glutathione reductase, CHP-GPx 
– cumene hydroperoxide-dependent glutathione peroxidase, GSH/GSSG – reduced to oxidized 
glutathione ratio, TBARs - thiobarbituric acid reactive substances 
**Statistical difference between exposed and reference animals (Studentʼs t-test p < 0.01). 
Biomarkera 
Reference Exposed 
Intestine Liver Intestine Liver 
GST (mU/mg protein) 75.4 ± 57.29 367.3 ± 115.15 65.7 ± 35.95 319.3 ± 107.70 
GR (mU/mg protein) 36.6 ± 28.92 14.5 ± 5.67 25.7 ± 12.20 12.6 ± 5.31 
CHP-GPx (mU/mg protein) - 36.9 ± 11.12 - 38.3 ± 7.84 
Reduced glutathione (nmol/mg protein) 10.2 ± 9.23 12.9 ± 5.35 6.4 ± 2.93 8.2 ± 3.74** 
Oxidized glutathione (nmol/mg protein) 11.5 ± 8.63 10.3 ± 4.50 9.3 ± 4.79 11.0 ± 3.83 
Total glutathione (nmol/mg protein) 21.7 ± 16.88 23.3 ± 7.68 15.6 ± 6.98 19.3 ± 5.61 
GSH/GSSG 0.9 ± 0.44 1.4 ± 0.58 0.8 ± 0.31 0.9 ± 0.72** 
Lipid peroxidation (nmol TBARs/mg 
protein) 2.0 ± 1.19 1.5 ± 0.80 1.5 ± 0.72 1.8 ± 1.10 
 
Liver and kidney histopathology 
The histological examinations showed that histopathological changes such as 
congestion, fibrosis, hepatocyte degeneration and vacuolation and iron pigments were 
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present in the livers of P. bocagei, in lizards from both exposed and reference sites 
(Figure 5). A series of Fisherʼs Exact Tests (not displayed) did not reveal any difference 
regarding the occurrence of any of the histological changes observed (p > 0.05). Even so, 
a marginally non significant difference was observed regarding hepatocyte vacuolation, 
which was more common in lizards from reference sites (Fisherʼs Exact Test; p = 0.091). 
Our exploratory multiple correspondence analyses showed that hepatocytes from lizards 
from exposed sites presented intense iron pigmentation with intermediate levels of 
hepatocyte degeneration but lower levels of hepatocyte vacuolation, compared with 
lizards from reference sites (Figure 6). 
 
Figure 5 Representative liver sections of Podarcis bocagei with histopathological changes 
observed, 400x. a) Liver section of a lizard from a reference site displaying normal appearance, 
H&E, 400x. b) Liver section of a lizard from an exposed site displaying fibrosis (arrow), stained with 
Massonʼs trichrome. c) Liver section of a lizard from a reference site displaying hepatocyte 
vacuolation, (arrow indicates fat accumulation) stained with Periodic acid-Schiff. d) Liver section of 
a lizard from a reference site displaying hepatocyte vacuolation, (arrow indicates carbohydrates 
accumulation) stained with Periodic acid-Schiff. 
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Figure 6 Results of the multiple correspondence analysis of the incidence of histopathological 
changes in liver of Podarcis bocagei from exposed (n = 19) and reference sites (n = 17). Each 
figure represents a histopathological change, and the increasing color the incidence of occurrence 
of each. 
Multivariate analysis 
The discriminant analysis considered six variables in the model: body condition, 
number of hemoparasites, standard metabolic rate, liver reduced glutathione, intestinal 
glutathione reductase and liver glutathione peroxidase (Wilks' Lambda: F6,30 = 4.71 p < 
0.002, n = 37). Only body condition and number of hemoparasites were statistically 
different, as in the univariate analyses. The model built with these variables was able to 
classify correctly 80% of the individuals from exposed sites and 76% of the individuals 
from the reference sites. Assigning 78% of the individuals to their correct group, based on 
these six variables (Table 2). 
Table 2 Discriminant function analysis group classification table based on the model that included 
the variables: body condition, intensity of infection by hemoparasites, SMR, liver GSH, intestinal 
GR, and liver Gpx.  
  Predicted Group Membership  
  Exposed Reference Total 
Original Group 
Membership 
Exposed 16 4 20 (80%) 
Reference 4 13 17 (76.5%) 
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Discussion 
Mediterranean agricultural areas are treated with pesticides on a regular basis. In 
Portugal, the last Eurostat report indicated that the use of pesticides has more than 
doubled since the beginning of the 1990s, with over 12 000 tons of pesticide (active 
substance) being used in 2003 (Eurostat, 2007). In particular, herbicides can pose a risk 
to wildlife both because of the volumes used and the areas treated. The impact of 
herbicides and other pesticides in terrestrial environments remains poorly studied and 
there is a striking paucity of data on their effects in reptile species that inhabit agricultural 
fields or adjoining habitats. This study constitutes probably the most comprehensive suite 
of biomarker responses reported for any reptile. We have used a multi-biomarker 
approach covering multiple levels of biological organization to look at short term or chronic 
effects from field exposure to pesticides.  
To the best of our knowledge, this is the first study reporting a decrease in body 
condition index in a reptile inhabiting agricultural areas. No significant differences were 
found in body condition of tortoises from areas either sprayed or not sprayed with 2,4-D 
and 2,4,5- T (Willemsen and Hailey, 2001), or in Gallotia galloti from agricultural areas 
compared to those from reference sites (Sanchez-Hernandez et al., 2004). Diminished 
body condition in lizards has commonly been related with changes in food availability 
and/or lack of suitable refuges (Ballinger, 1977; Amo et al., 2006, 2007; Pafilis et al., 
2009). However, in the present study this is not the case, as we were unable detect any 
differences in food availability between reference and exposed fields (Simão, 2011). Nor 
were there any perceived differences in the availability of refuges that may have indicated 
suboptimal environmental conditions for one or more populations; in all populations, the 
lizards occupied stone walls of similar construction. No other environmental variable 
offered an explanation for the observed differences. Temperature, relative humidity, 
rainfall, and levels of solar radiation are all similar in reference and exposed sites (Amaral 
et al., submited), although we cannot discount the presence of other unmeasured 
chemicals (either natural or anthropogenic) within these respective environments. The 
loss of body condition can have important consequences for an individualʼs fitness, 
including capacity to survive severe winters, ability to compete for breeding opportunities, 
fecundity, and capacity to fight disease. Indeed, a lower body condition has been related 
with a compromised immune response and an elevated number of parasites in Podarcis 
muralis (Amo et al., 2006). Depressed immunological responses have also resulted in 
  
97 
higher rates of parasite infection in amphibians (Rohr et al. 2008) and reptiles (Olsson et 
al. 2000; Uller and Olsson, 2003). 
Podarcis bocagei (and other continental lacertids) generally display high 
prevalences of hemoparasites and low rates of intestinal helminth infection (Galdón et al., 
2006; Roca et al., 2006; Roca and Galdón, 2010). Despite this, our results still detected 
an increased intensity of hemoparasites among lizards from exposed sites. Sures (2008) 
reviewed several aspects of the interaction of parasites and environmental pollutants in 
the aquatic environment, concluding that parasites have complex and varying implications 
for host physiology. On one hand, contaminants can affect the immune response of the 
host and leave it more prone to infection by parasites, while on the other, parasite 
infection can alter the metabolic response to contaminants (Sures, 2004, 2008). 
Immunosuppression has also been implicated in several studies examining pesticide 
exposure in amphibians (review in Mann et al., 2009) and birds (Mandal et al., 1986). In 
reptiles no studies have ever studied the implications of parasite infection and 
contaminants. 
The liver of an animal provides a window into the history of exposure and response 
to environmental contaminants (Hinton and Lauren, 1990), and although liver pathologies 
can rarely be attributed to exposure to specific contaminants, liver histopathology is a 
useful biomarker that gives a strong indication of metabolic stress (Stentiford et al., 2003; 
Richardson et al., 2010). For example, liver fibrosis and congestion have been related with 
exposure to environmental contaminants in reptiles (Özelmas and Akay, 1995; Rania-
Ganser et al., 2003). In the present study, fibrosis and congestion were observed in livers 
of individuals from both reference and exposed locations, but without any significant 
differences in prevalence. However, in addition, we detected a tendency for higher levels 
of hepatocyte degeneration and iron storage in individuals from the exposed populations. 
Storage of iron in liver has been described in birds and has been associated with altered 
iron metabolism (Cork et al., 1995), which has been related with starvation or other 
changes in metabolism (Osborn, 1979). 
Other liver indices also point to lower nutritional status among animals from 
exposed sites. Although not significantly so, lizards from reference sites tended to have 
slightly larger livers than animals from exposed sites. Liver hypertrophy has been related 
both with an accumulation of energetic reserves (Kelly, 1993; Santos and Llorente, 2004), 
and with increased metabolic activity and/or other biosynthetic processes (e.g. Murphy et 
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al., 2006). Our results seem to suggest the occurrence of both conditions. The higher 
incidence of hepatocyte vacuolation in reference animals was a consequence of lipid and 
carbohydrate accumulation, confirmed by the PAS staining, which is often described as a 
result of overfeeding and lack of exercise (Kelly, 1993; Schaffner, 1998). Our animals 
were collected in mid-autumn at a time when they are gaining energy reserves for winter 
hibernation, and can be considered a normal physiological condition. While, the lower 
incidence of hepatocyte vacuolation observed in exposed animals, although not 
statistically significant, indicates that these animals were not accumulating energetic 
reserves (carbohydrates and lipids). This might be a sign of malnutrition as a 
consequence of reduced capacities to obtain food and/or increased metabolic demands 
for detoxification. 
As indicated earlier, a shortage of food resources or other physical environmental 
stresses did not account for the depleted nutritional status of lizards from exposed sites, 
which must otherwise be explained by increased energetic demands. Indeed, exposed 
lizards appeared to have elevated oxygen consumption; 32% higher than animals from 
reference locations. Furthermore, when the four groups of lizards (Ref 1 & Ref 2 and Exp 
1 & Exp4) for site descriptions see Amaral et. al. (submited) were examined individually, 
there was a statistically significant elevation in oxygen consumption among lizards from 
Exp 4 (an increase of more than 100% compared to Ref 2 lizards); and it was this site that 
had the highest total soil concentration of herbicides in Spring 2009. It has been estimated 
for ectotherms that more than 80% of the total energy budget is required for maintenance 
and essential processes (Congdon et al., 1982; Brown et al., 1992). Therefore, an 
increase in the standard metabolic rates for maintenance requirements has to be 
compensated either by an increase in energy assimilation or by a decrease in energy 
available for production (Hopkins et al., 1999). We can hypothesize that the energy 
balance in animals from exposed sites will occur through a reduction of energy available 
for growth, storage or reproduction, which can ultimately affect population dynamics. In 
summary, liver condition and histology and the increased standard metabolic rate are 
congruent with a decreased body condition in exposed individuals. 
Several studies with reptiles have suggested that changes in locomotor 
performance can be used an indicator of exposure to AChE-inhibiting pesticides despite 
recognizing that it probably a not very sensitive parameter (DuRant et al., 2007b; Holem et 
al., 2008). In the present study, we observed no differences in locomotor capacities 
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between lizards from exposed sites and those from reference sites. However, in our 
experiments, the lizards were not (as far as we are aware) exposed to AChE inhibitors 
(e.g., carbamate or organophosphorus insecticides), and there were not likely to be any 
direct effects on cholinergic neural pathways, making comparison with the aforementioned 
studies tenuous. However, as was the case with previous studies (DuRant et al., 2007b; 
Holem et al., 2008), it is important to recognize that in the locomotor tests, the chasing of 
lizards triggered a flight response, and it seems likely that the “fight or flight” responses 
are less affected by an animalʼs general fitness, at least over short distances. Therefore, a 
better indicator of physiological impairment may be a challenge test that involves multiple 
neuromuscular systems, other than simply a sympathetically controlled reflexive flight 
response. The same animals used in these locomotor tests were also used in tests that 
examined their capacities to forage for prey. The results of those tests will be presented 
elsewhere. 
The endogenous thiol, glutathione, and the enzymatic systems that contribute to its 
cellular redox status (e.g., GR or GPx activities) are often determined in pollutant exposed 
organisms as a measure of their oxidative status in the presence of pro-oxidant exposure 
(van der Oost et al., 2003; Koivula and Eeva, 2010). Glutathione is an important 
scavenger for electrophilic compounds that conjugates with GST in contaminant 
metabolism. A decrease in reduced glutathione (GSH) is usually accompanied by an 
elevation of its oxidized disulfide form (GSSH) and a concomitant decrease of the ratio 
GSH/GSSG. These changes in the glutathione redox balance are considered a sign of 
oxidative stress (Storey, 1996). We compared the response of selected biomarkers of 
oxidative stress among the lizards caught from the reference and exposed areas. Lizards 
from the exposed agricultural areas did indeed display a significant reduction in GSH and 
GSH/GSSG ratio in the liver but no differences were observed in the activity of enzymes 
involved in its redox cycle such as GR or GPx activity. Short-term exposure to pesticides 
that cause oxidative stress such as the herbicide alachlor could explain this rapid change 
in the GSH/GSSG ratio. Indeed, alachlor is the only agrochemical detected in our study 
area for which documented effects on liver biomarkers had been previously reported for 
other vertebrate species. For example, this herbicide caused an induction of GST activity 
in crucian carps, although such an enzymatic induction was not dose dependent (Yi et al., 
2007). An increase on GSH contents was also observed in the common carp and in vitro 
in rat and human cell lines (Mikula et al., 2009). All animals used for this study were 
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sampled in November 2009, approximately six months following herbicide applications in 
the previous spring. Notwithstanding the continued exposure to the more persistent 
chemicals such as alachlor, we expect that most of the chemicals had degraded 
substantially by the time the animals were collected. The animals were also maintained for 
35 days in a clean laboratory environment prior to tissue collection. The activities of these 
enzymes are in a constant state of flux and their reported activities do not necessarily 
represent the transient responses that will occur following exposure. However, the 
observed changes in GSH/GSSH suggest that a longitudinal study before and after 
exposure may be warranted. 
For reptiles, oxidative stress responses have mostly been studied in relation to 
natural stressors related with hibernation and freezing tolerance. Storey (1996) considered 
that species that do not experience prolonged periods of anoxia respond to oxidative 
stress by increasing the antioxidant enzyme levels to respond to the anticipated increase 
in reactive oxygen species. Under anoxic conditions, GSH levels increased in garter 
snakes while GR and GST levels were mostly unaffected and the activities of several 
antioxidant enzymes in different tissues of red-eared slider turtles decreased (reviewed in 
Hermes-Lima and Zenteno-Savín, 2002). Comparing the different tissues, lizard liver 
presented higher levels of GST, which is in accordance with other studies in reptiles 
(Voituron et al., 2006; Valdivia et al., 2007), followed by intestine. Both tissues (liver and 
intestine) displayed comparable concentrations of glutathiones. Similar levels of lipid 
peroxidation were also found between tissues without any effect of exposure, but taking 
into consideration that lipid peroxidation has been shown to increase with advancing age 
in a similar short-lived species (Jena et al., 1995), these data should be interpreted with 
caution. Despite the decrease of the GSH/GSSG ratio in the liver of lizards from exposed 
agricultural areas, it is noteworthy that statistical differences in the variations of this index 
of oxidative stress could not be detected in the intestine. Cellular concentrations of GSH 
are generally higher than the GSSG in normal physiological conditions. However, we 
found that the levels of both glutathiones were similar in the intestine despite the care 
taken to avoid any oxidation of glutathione during sample handling and during the 
homogenization procedure. 
Conclusion  
Field situations are ecologically complex but our results suggest a difference 
between animals from reference and exposed locations. The absence of strong 
  
101 
statistically significant indications of toxicity highlights the need for far greater replication, 
which is inherently difficult in field studies of this nature. Greater sample size would allow 
the detection of true physiological differences and overcome inherent variability that 
occurs as a consequence of ecological or genetic differences. These results also reinforce 
the need to use an integrated series of different biomarkers of exposure and effect. In the 
present study, it is clear that some biomarkers have indicated potential toxicity among 
lizards exposed to a cocktail of different pesticides, even though no individual biomarker 
has provided categorical evidence for toxic effect, and indeed the cumulative value of 
several marginally significant or marginally insignificant results needs to be weighed up 
cautiously due to the high number of tests performed. However, using a weight of 
evidence approach, we conclude that lizards living in the vicinity of corn agriculture are 
being affected by exposure to pesticides in their environment. Furthermore, the suite of 
biomarkers that did indicate toxicity – reduced condition indices, increased SMR, lower 
incidence of hepatocyte vacuolation, increased activation of liver GSH oxidation pathways, 
and even increased prevalence of hemoparasites – provide a coherent profile of animals 
under metabolic stress. The discriminant analysis further reinforced these results by 
correctly classifying more than 75% of the animals using body condition, SMR and liver 
GSH oxidation pathways responses. 
Overall, those lizards living in locations exposed to various herbicides are less 
ecologically fit than those living in reference sites. This exposure, and the toxicity 
associated with it do not appear to be affecting populations (see Amaral et al., submited). 
However, if the added stress of pesticide toxicity takes animals closer to their survival 
thresholds, then they are likely to be more vulnerable to stochastic events (e.g. unusually 
cold weather, draught, disease, etc.). In summary, our study facilitated the validation of 
different biomarkers at several levels of biological organization for field exposed lacertid 
lizards and reinforced the need of a multi-biomarker approach in these early days of 
reptile ecotoxicology. Podarcis bocagei was confirmed to be a suitable bioindicator 
species and the results obtained stressed the need to include reptiles in environmental 
risk assessments, as they might be vulnerable to chemical contamination in combination 
with other natural stressors. 
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The utility of mesocosms for ecotoxicity testing with lacertid lizards – a field 
validation study
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Abstract 
Mesocosms (i.e., outdoor, man-made representations of natural ecosystems) have 
seldom been used to study the impact of contaminants on terrestrial ecosystems, but they 
can be a useful tool to provide a link between field and laboratory studies. We exposed 
juvenile lacertid lizards for over one year to pesticides (herbicides and insecticides) in 
mesocosm enclosures with the intention of validating field observations obtained in a 
previous study that examined the effects of corn pesticides in Podarcis bocagei. Our 
treatments replicated field conditions and consisted of a control, a herbicides only 
treatment (alachlor, terbuthylazine, mesotrione and glyphosate) and a herbicides and 
insecticide treatment (including chlorpyrifos). We studied several individual and sub-
individual parameters including growth, locomotor performance, standard metabolic rate, 
biomarkers of oxidative stress, esterases and liver histopathologies. Although mortality 
over the course of the exposures was high (over 60%), surviving individuals prospered 
relatively well in the mesocosms presenting a broad range of natural behaviors. In 
general, we detected few statistically significant differences between the different 
treatments. Lizards seem able to compensate for pesticide exposure which corroborated 
results obtained in field studies. 
Introduction 
Laboratory toxicity testing using single species is by far the most commonly 
employed approach for establishing the toxicity of chemicals to both aquatic and terrestrial 
organisms. In laboratory studies various exposure parameters and interactions, like dose 
and duration or temperature are controlled. Such tests are relatively inexpensive and 
when data from a wide variety of species are available, they can be used for developing 
species sensitivity distributions (SSDs). In aquatic ecosystems, SSDs have been used to 
predict threshold concentrations of environmental contaminants, and provide the basis for 
regulatory guidelines. However, their simplistic approach brings several limitations 
(reviewed in Banks and Stark 1998). For example, terrestrial organisms such as lizards 
are not continuously in contact with the exposure media, and simulation of toxicant 
exposure in the laboratory is a difficult task. Oral dosing or any other form of direct 
administration of a chemical does not reproduce the real situation in nature. At the other 
end of the broad spectrum of studies encompassed by the discipline of ecotoxicology, are 
field studies. Field studies are crucial to understand site-specific questions but are difficult 
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to replicate and interpret because of the complexity and variability of natural areas, 
involving multiple, frequently synergistic, causative factors (Van den Brink et al. 2005). 
Furthermore, the effects of a contaminant in natural situations can be altered or masked 
by the presence of biotic (competition, predation) or abiotic (temperature, humidity, 
rainfall) factors or by interaction with other contaminants (reviewed in Banks and Stark 
1998). 
In this context, mesocosms can provide a bridge of knowledge between field 
studies and overly contrived laboratory manipulations, bringing both environmental realism 
and control, and serving as a validation tool for both types of studies. Mesocosms have 
been defined as outside enclosures with a semi-controlled ecosystem that provides an 
environment that can be replicated, with some degree of realism (Odum 1984; Van den 
Brink et al. 2005). Organisms are contained to ensure re-sampling but are subject to 
natural conditions, species interactions, etc. Most importantly, contaminated and 
uncontaminated environments can exist in the same place, and experience exactly the 
same climatic and geochemical conditions. Mesocosm enclosures have been used 
regularly in aquatic environments, for example to study the responses of amphibian to 
contaminants (reviewed in Boone and James 2005). In the terrestrial environment 
however, they have been used to a much lesser extent. Still, they can be useful to 
examine the effects of pesticides on terrestrial vertebrates because the entire terrestrial 
environment can be contaminated, thereby replicating a realistic exposure scenario. 
European lacertid lizards have been proposed as potential model species for reptile 
ecotoxicology (e.g. Mann et al. 2006; Marsili et al. 2009). Two of the characteristics of 
lacertid lizards, which make them well suited for mesocosm studies are their small size 
and home-range. In the case of reptiles, mesocosms have rarely been employed to study 
the impact of contaminants. Alexander et al. (2002) evaluated mortality rates of Australian 
lizards exposed to deltamethrin. While, Guirlet and Das (in press) studied accumulation 
and effects of cadmium exposure in female red eared slider turtles. 
Recently, we completed a field study that examined various population indices and 
biomarkers of pesticide exposure and effect among several sub-populations of Podarcis 
bocagei living in field margins of corn fields where several pesticides were annually 
applied, or within agricultural fields characterized by an absence of pesticide use. The 
results of that study, and descriptions of the various biomarkers are provided elsewhere 
(Amaral et al. in press; Amaral et al. submited). These studies provided evidence for an 
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adverse effect at the individual level of pesticide exposure, although lizard populations 
seemed to tolerate pesticide toxic effects. To validate and strengthen the outcomes of the 
field survey, we have adopted a mesocosm approach where we exposed lizards through a 
realistic exposure scenario. Following exposure for over one year, we examined 
numerous biomarkers and morphological parameters in lizards that had been exposed to 
pesticides (or not) in the same manner as presented in our previous works. 
Methods 
Animals  
Podarcis bocagei is a small insectivorous lacertid endemic to the north-western 
Iberian Peninsula that occupies a variety of habitats, from wide open forests with 
brushwood to coastal dunes and agricultural areas (Galán 1986). Hatchlings were reared 
from eggs laid in the lab by females collected in coastal dune system of Mindelo, Vila do 
Conde on the north-western coast of Portugal during April-May 2009. Gravid females were 
maintained in pairs in terraria (40 x 20 x 25 cm), in a climate room (22 ±1 ºC) with food 
(mealworms, Tenebrio molitor larvae) and water provided ad libitum. Snout-vent length of 
each female was measured when they were brought into the lab. Each terrarium 
contained a terracotta vase (! = 16 cm) that provided refuge and a basking location, and 
a 25 W incandescent lamp that created a thermal gradient in the terrarium (25 – 35 ºC; 
8h/day). Lighting was provided by natural sunlight, fluorescent lighting (2 x 40 W) and a 
high pressure sodium lamp (400 W, 7000-12 000 Lx) for 12 h/day.  Every night females 
were kept in individual boxes filled partially with clean commercial soil where they could 
lay eggs. Newly hatched eggs, and the box they were laid in, were placed in an incubator 
at 33 ºC until hatching. After hatching, juvenile lizards from the same clutch were kept 
together in similar conditions to the females until the last hatchling attained one month of 
age. Hatchlings were fed mealworms, isopods (Porcellionides pruinosus) and fruit flies 
(Drosophila melanogaster). Hatchlings, between the age of 32 and 88 days, were used in 
the experiment. 
Study design 
Our experiment was conducted from September 2009 to November 2010 in the 
grounds of the University of Aveiro (80 km south of the collection point), encompassing 
the first year of development of the hatchlings, including a hibernation period. In early 
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2009, we constructed 12 enclosures (100 x 150 x 100 cm), with four replicas per treatment 
(Control – Ctr; Herbicides – Herb; Herbicides + Insecticide – Herb+Ins).  The mesocosms 
were constructed from transparent acrylic (4 mm) joined at each corner with stainless 
steel brackets, and buried 50 cm in soil to prevent lizard escape. The bottom of each 
enclosure was filled with a layer of gravel and soil from the same location to ensure 
adequate drainage. This was then capped with an upper layer of clean commercial soil 
(Siro® universal subtract). In the spring of 2009, turnip (Brassica rapa) was planted in all 
mesocosms and spontaneous vegetation was allowed to emerge. Each mesocosm was 
furnished with three terracotta building bricks with multiple cavities to provide refuge; five 
plastic tubes dug into the soil (up to 0.15 m) to simulate burrows and a water and food 
dish. The buried tubes provided an insulated refuge to ensure survival over winter. A net 
(10 mm) covered each mesocosm to prevent the entrance of predators (e.g., birds, cats). 
 
Figure 1 Timeline of study. 
We used the same pesticides routinely applied in the corn-growing regions of 
north-western Portugal and they were applied at the same application rates as 
recommended for corn agriculture.  We have previously documented pesticide usage in 
this region (Amaral et al. submited).  In the Herb treatment, we applied four herbicides: 
Controller-T® (336g/L alachlor and 144g/L terbuthylazine - SAPEC, 7L/ha), Callisto® (100 
g/L mesotrione - Syngenta, 1.5L/ha) and Roundup® (360 g/L glyphosate - Monsanto, 
4L/ha).  Herbicides were applied with a 2L hand-held sprayer.  In the Herb+Ins treatment, 
we applied these same herbicides as well as Ciclone 5G® in granular formulation (5% p/p 
chlorpyrifos - SAPEC, 60kg/ha). Pesticides were applied during June of 2009 and April 
2010 in all mesocosm (except Control enclosures). A timeline of the study is presented in 
Figure 1. 
Three hatchlings, individually marked by toe clipping were randomly assigned to 
each mesocosm and treatment group and introduced to the enclosures in September 
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2009 (day 0), approximately three months following the initial pesticide application. 
Animals were recovered from the mesocosms in two periods (days 190 and 220). The first 
occasion was in March 2010 (day 190), one month before a second pesticide application 
and April 2010, after pesticide application (day 220). The experiment was concluded in 
October 2010 (day 413). Food and water were supplemented twice a week. Supplement 
food consisted of mealworms that had been exposed to control or treated mesocosm soil 
for four days. 
At each of the two intermediate sampling periods, lizards were assessed for 
growth and locomotor performance. At the end of the experiment, in addition to growth, 
standard metabolic rate was measured in all surviving lizards. Following live-animal 
measurements, all lizards were anesthetized by cooling on ice, sacrificed by decapitation 
and dissected. Blood was collected, centrifuged during 10 min at 800 rpm and 4 ºC and 
plasma was frozen in liquid nitrogen. Intestine, 2/3 of liver, brain were similarly frozen in 
liquid nitrogen and stored at -80 ºC prior to biochemical assays. The remaining 1/3 of the 
liver was fixed in Davidsonʼs solution for 24h, washed in distilled water and stored in 70% 
ethanol until histopathological analysis. All procedures in this study complied with 
Portuguese animal ethics guidelines as stipulated by Direcção Geral de Veterinária and 
Instituto da Conservação da Natureza e Biodiversidade. 
Pesticide contents 
Soil samples were screened for pesticide content on four occasions, 
corresponding to the moment the hatchlings were introduced (day 0); the two intermediate 
sampling periods (days 190 and 220) and the termination of the study (day 413). In 
September 2009 we collected one sample per enclosure, while in the subsequent 
samplings we collected three replicate soil samples per enclosure. The location of the 
sampling points in each enclosure was randomly selected. Samples were preserved in 
clean, new 200 ml glass vials, covered with Parafilm® and sent to Marchwood Scientific 
Services (Southampton, UK) for chemical analysis. The samples were air-dried and 
ground, and a 2 g representative sample was extracted with 20 ml of acetonitrile 
(containing 1% acetic acid). This was followed by a partitioning step with magnesium 
sulphate and a subsequent buffering step with sodium acetate. After mixing an aliquot with 
methanol, the organic extract was injected into the LCMS-MS (Agilent 6410 Triple Quad 
LCMS-MS) without any clean up. Standards were prepared in solvents at seven 
concentration levels with recoveries in the range 70-120% (level of detection - 0.5 µg). 
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Growth and condition 
Snout-vent length (SVL, to the nearest 0.01 mm) and body mass (to the nearest 
0.1 g on a Pesola® scale) were measured on four occasions, coinciding with the 
commencement of the experiment, the two sampling occasions and termination of the 
experiment (day 0, 190, 220 and 413). Mean growth rates (SVL; cm/day) between each 
period were calculated for each treatment condition.  
Locomotor performance 
Locomotor performance was evaluated twice, before and after pesticide 
application in 2010 (day 190 and 220), by measuring lizard maximum sprint speed on a 
cork substrate (2 × 0.1 m sprint track). Each lizard was fasted for 48 h before the start of 
the experiment, weighed, warmed to its optimal temperature (33 ºC) and raced three times 
with at least a one hour rest interval between trials. Lizards were hand-chased through the 
track and trials were recorded with a video camera (Sony/DCR-HC46 – 25 fps). Following 
Holem et al. (2008), mean maximum speed (MMS) was calculated as the average of the 
fastest 0.10-m interval in each of the three replicate sprints, and maximum speed (MS) as 
the fastest 0.10-m interval in any of the trials. Trials in which lizards did not run 
continuously were repeated. 
Standard metabolic rate 
Standard metabolic rate (SMR), the metabolic rate of an inactive lizard, was 
measured at the end of the experiment (day 413). Lizards were fasted for 2-3 days (water 
provided) before the experiments, as a post-absorptive metabolism is a prerequisite 
condition for SMR measurements (Bennet and Dawson 1976). Lizards were placed in 
covered acrylic tubes (230 cm3), connected to 12 channels of a respirometer (Analytical 
Developments Co. Ltd, ADC-225-MK3, Hoddesdon, England) housed in a constant 
temperature room (22 ± 1 °C). An open flow system was employed with a flow rate of 250 
ml/min. Flow rate and CO2 production were recorded at 30 min intervals during the night, 
when the animals are inactive and assumed to be in a resting state. Lizards were weighed 
and randomly assigned to two test groups and a test channel. The lowest 50% of 
measurements for each individual, corresponding to 18 sequential measurements of CO2 
production representing 9 h during the night, were averaged and used to calculate the 
molar quantity of oxygen usage by each individual lizard (assuming a respiration quotient 
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of 1:1). A first run with empty channels and one empty channel during each run served to 
zero the apparatus. 
Biomarkers of oxidative stress 
Antioxidant enzymes were determined on brain, intestine and liver. Glutathione S-
transferase (GST, EC 2.5.1.18) activity was determined spectrophotometrically according 
to Habig et al. (1974). Specific activity was expressed as mU/mg protein using a millimolar 
extinction coefficient of 9.6 mM-1 cm-1. Glutathione reductase (GR, EC 1.6.4.2) activity was 
measured following the method described in Ramos-Martinez et al. (1983).The decrease 
in absorbance at 340 nm due to NADPH oxidation by reduced glutathione was measured 
for 1 min, and a millimolar extinction coefficient of -6.22 mM-1 cm-1 was used for the 
specific activity calculations. All kinetics were carried out at room temperature (20-22ºC) 
and blanks (reaction mixture free of sample) were periodically checked for non-enzymatic 
reaction and enzyme activity was then corrected. Protein concentrations were determined 
by the Bradford method (Bradford 1976) using bovine serum albumin (BSA) as a 
standard. 
Concentrations of reduced glutathione and oxidized glutathione were 
fluorimetrically determined according to the method of Hissin and Hilf (1976). Reduced 
glutathione was determined by incubation of the deproteinized samples in the presence of 
1 mg/ml ortho-phthalaldehyde (OPA) in Na-phosphate (0.1 M)-EDTA (5 mM) buffer (pH 
8.0). Determination of the oxidized glutathione concentrations required a preliminary 
incubation step with N-ethylmaleimide to prevent glutathione oxidation, and 1 N NaOH 
was used instead of the phosphate-EDTA buffer. In both methods, the reaction mixture 
was incubated for 15 min at 20-22ºC and the fluorescence was read at EM = 420 nm and 
EX = 350 nm. Quantification was performed using a set of external standards of reduced 
(3.27 to 327 nmol ml-1) and oxidized (1.62 to 82 nmol ml-1) glutathione, which were 
prepared in the same manner as the samples. 
Lipid peroxidation was included as a measure of oxidative damage. The method 
described in Ohkawa (1979) was used to estimate lipid peroxidation through the formation 
of thiobarbituric acid reactive substances (TBARs). Lipid peroxidation was expressed as 
nmol TBARs/mg protein using a milimolar extinction coefficient of 156 mM-1 cm-1. 
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Esterases 
Carboxylesterase (CbE) activity was measured in intestine, liver and plasma using 
two substrates: α-naphthyl acetate (α-NA) and the 4-nitrophenyl valerate (4-NPV). 
Hydrolysis of α-NA was performed following the method by Gomori and Chessick (1953) 
as adapted by Bunyan et al. (1968), by which the formation of a-naphthol occurs in a 
reaction medium that contains 25 mM Tris-HCl (pH 7.6), 2 mM α-NA and the sample. The 
hydrolytic reaction was stopped after 10 min by addition of 2.5% (w/v) SDS and 
subsequently 0.1% Fast Red ITR in 2.5% Triton X-100. The solutions were allowed to 
stand for 30 min in the dark and the absorbance of the naphthol–Fast Red ITR complex 
was read at 530 nm (ε=33.225×103 M−1 cm−1). Hydrolysis of 4-NPV by CbE activity was 
measured according the method by Carr and Chambers (1991). The reaction mixture 
contained 1 mM 4-NPV, 50cmM Tris–HCl (pH 7.5) and the sample. After 15 min of 
reaction, it was stopped with a solution of 2% (w/v) SDS and 2% (w/v) Tris base. The 4-
nitrophenolate liberated was read at 405 nm and quantified by a calibration curve (5–100 
μM). Acetylcholinesterase (AChE) activity in brain was determined using the substrate 
acetylthiocholine iodide (AcSCh) as described by Ellman et al (1961). Specific AChE 
activity was expressed as mU/mg of protein using a molar extinction coefficient of 14.15 x 
103 M-1 cm-1 (Eyer et al. 2003). 
Liver histopathology 
After dissection, liver was weighed to the nearest 0.1 mg. Fixed samples were 
embedded in paraffin and 2 µm sections cut on a rotary microtome (Leica RM 2035). 
Tissues were stained with Haemotoxylin and Eosin (H&E) and examined under a light 
microscope (Olympus BX51) with an Olympus camera attached. Liver sections were also 
stained with Massonʼs trichrome to assess liver fibrosis; with Periodic acid-Schiff for the 
presence of lipid or sugar accumulation and with Perlsʼ Prussian Blue to verify iron 
pigmentation (Bancroft and Stevens 1996). One representative section per sample was 
scanned at 400x magnification. This generally involved an examination of a minimum of 
20 field views. The incidence of histopathological changes was classified according to a 
semi-quantitative scoring system: 0 – normal tissue, 1 - changes in less than 50% of the 
section, 2 - changes in more than 50% of the section.  
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Statistical analyses 
Results are expressed as mean ± standard deviation (SD) in text and tables and 
mean + standard error (SE) in figures. The results obtained from the treatment groups 
were compared to the control using analysis of variance (ANOVA), repeated measures 
analysis of variance or/and analysis of co-variance (ANCOVA) followed by Dunnettʼs or 
Duncanʼs multiple comparison post-hoc tests. Treatment was the dependent variable, and 
SVL or body mass were used when appropriate as covariates to check for significant 
interactions. When the pre-requisites for analysis of variance were not met (i.e. 
homogeneity of variance, normality), data were transformed or we used the non-
parametric Kruskal-Wallis test to compare data. Differences in the presence of histological 
changes between treatments were compared with the control using Fisherʼs exact tests 
(Zar 1996). Statistical analyses were performed using STATISTICA 7 (Hill and Lewicki 
2007), for Windows. Values of p < 0.05 were considered significant. 
Results and Discussion 
Lizard survivorship 
Lizard survivorship was poor in all treatment groups. Of the 36 original lizards, 
30% did not survive the winter, and less than 40% survived during the entire period. 
Mortality was not associated with exposure to pesticides or initial size or age and occurred 
among all groups and mesocosms. High mortality rates after hibernation for oviparous 
species have been described for several lizards (Pike et al. 2008), including lacertids 
(Civantos and Forsman 2000) and in particular among P. bocagei juveniles (Galán 1999, 
2004). In the end of the exposure period, we recovered the following individuals from each 
treatment: Ctr – 3 males; Herb – 2 males and 2 females; Herb+Ins – 5 males and 1 
female. Given the small number of individuals per treatment, we were unable to test the 
sex-related variations of our dependent variables. Nevertheless, as we were dealing with 
juveniles and sub-adults we can expect that sex differences will not be overly relevant. 
Despite the high mortality rates, the remaining lizards prospered relatively well in the 
mesocosms presenting a broad range of natural behaviors.  
Levels of pesticides in mesocosms 
Active ingredients of the applied pesticides were found in varying concentrations 
along the experiment period (Figure 2). As the study involved manual spraying of small 
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volumes of herbicides, some discrepancy between and within mesocosms was expected. 
These variations corresponded with the pesticide applications periods. In September 2009 
(day 0), there were residues of all the herbicides in the Herb and Herb+Ins mesocosms, 
with the highest concentrations found for alachlor in the Herb treated mesocosms and 
both alachlor and chlorpyrifos in the Herb+Ins treated mesocosms. In March 2010 (day 
190), 10 months after the first application, all the concentrations had decayed and we 
were only able to detect alachlor and chlorpyrifos. Half-lives for these products in soil are 
expected to be of 5-42 days for alachlor (Mackay et al. 2006) and 30-60 days for 
chlorpyrifos incorporated in soil (Racke et al. 1996). After, the re-application in April 2010 
(day 220), pesticide concentrations reached their maximum for the experiment. At the end 
of the study (day 413), the concentrations of most active ingredients had decreased, with 
the exception of alachlor in the Herb+Ins treated mesocosms. The high mean 
concentration for alachlor was highly influenced by a single replicate soil sample in one of 
the enclosures. These high variations between or within enclosures may be the result of 
slightly different microclimatic conditions inside each mesocosm (e.g., shading). The half-
life of a chemical has been shown to depend on a number of factors, including climate and 
soil characteristics (Gevao et al. 2000). In particular, alachlor is degraded primarily by soil 
microorganisms (bacteria and fungi), through conjugation with GSTʼs (reviewed in Sette et 
al. 2004). Soil microorganism activity is dependent on soil temperatures thus it can be 
expected that if that area of the enclosure was shaded, soil temperature was lower, and 
the rate of alachlor degradation could be lower when compared with the other sampling 
points of the enclosure and mesocosms. We can expect that lizards in our mesocosm will 
be exposed to these products by dermal exposure and ingestion of contaminated food or 
soil. The turnover of insects and other invertebrates in the enclosures is expected to be 
high, which could decrease the rate of exposure through trophic transfer. 
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Figure 2 Average pesticide content of soils (µg/kg soil) in the three mesocosm treatment groups, 
Ctr, Herb and Herb+Ins. Data points represent the mean of the mean values for each enclosure of 
the three replicate sampling points. Error bars represent standard error. Except for September (only 
one sampling point per enclosure). Limit of Detection - 0.5 µg/kg 
Variation of life-traits 
Galán (1997) demonstrated for P. bocagei that the size of the mother influences 
the number of eggs and hatchlings but not their size at hatching. Our results also found no 
correlation between the size of the mother and the size of individual hatchlings at the 
beginning of the experiment. This, together with the random distribution of individuals to 
our treatments guaranteed that intra-individual variations in body size could not be 
attributed to variations at hatching, and more specifically, to the size of the mothers. Lizard 
body-size increased in all treatments, achieving sizes equivalent to those found in nature 
(Galán 1997; Carretero et al. 2006). At the end of the experiment all surviving individuals 
had attained adult size (Fig. 3a). Growth, expressed as change in body size, is an 
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integrative process that can be related with several population level parameters and 
influence population structure and dynamics (Gaston et al. 2001). We estimated growth 
rate in each period with all live individuals. Growth-rates varied significantly with time and 
treatment (Fig. 3b, repeated measures ANOVA Treatment x Time: F4,20 = 4.9, p = 0.01). 
As expected, growth rates were low in the first interval (September 2009 to March 2010) 
that encompassed the winter hibernation. Increased in the period from March to April and 
then decreased in the final interval (April to November 2010) when animals were reaching 
adult size. Therefore, all lizards displayed a typical pattern of growth for lacertids, 
characterized by rapid growth during the juvenile period (dependent on environmental 
conditions) and decline with age, with the growth curve approaching an asymptote 
(Stamps and Andrews 1992). 
 
Figure 3 a) Mean snout-vent length (mm) of Podarcis bocagei lizards rose in Ctr, Herb and 
Herb+Ins mesocosms. Measures were taken when lizards were first introduced in the mesocosm 
(Day 0), and in three subsequent periods (Day 190, 220, 433). Mean ± standard error. The n value 
varied along over time because of lizard mortality. b) Mean growth rate of P. bocagei lizards raised 
in Ctr, Herb and Herb+Ins mesocosms over the three time intervals (Days 0-190, 190-220, 220-
433). 
The rate of growth can be interpreted as an index of individual fitness. Failure to 
grow and mature within a specified time would indicate that animals were unable to obtain 
and assimilate the resources necessary for maintenance a well as allocate energy for 
growth, storage of energetic reserves or reproduction (Brown et al. 1992; Mitchelmore et 
al. 2006; Civantos and Forsman 2000). This would be especially critical before hibernation 
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as it is likely the main determinant of juvenile survival (Civantos and Forsman 2000).  As 
all animals grew at an optimal rate, attaining adult size irrespective of treatment within 
similar time frames, it can be assumed that pesticide treatment did not impact this health 
index. 
Although all lizards attained similar size after 413 days, growth rates did vary 
during the course of the experiment. The growth rate among Ctr individuals was relatively 
stable throughout the experiment (Fig. 3b), but not so stable among lizards exposed to 
pesticides. In particular, during March and April 2010, lizards in the Herb treatment grew 
significantly faster than Ctr individuals (Fig. 3b, Duncanʼs Pos-hoc p < 0.01). The effects of 
pesticides on lizard growth have received little attention, in Sceloporus lizards repeatedly 
exposed to malathion no direct effects on growth were observed (Holem et al. 2008). In 
our case, we can not rule out the possibility that exposure to pesticides could have 
influenced growth, particularly in light of the measured effects on metabolic performance 
documented in field animals (Amaral et al, in press). However, we can also attribute this 
increase to an indirect effect of the herbicide on plant cover. The herbicide application 
decreased plant cover in the enclosures hence we can speculate that prey items would be 
more visible to the lizards and/or that the lizards would have increased basking 
opportunities and be able to reach a temperature optimal for hunting more easily. 
Therefore animals could boost their feeding activity and thus increase their growth rate. 
This phenomenon would occur also in the Herb+Ins enclosures but we the insecticide 
would cause a concomitant decrease in food availability, which could offset the impact of a 
reduced vegetation cover. 
Sub-lethal effects 
Mean maximum sprint speed (MMS) and maximum sprint speed (MS) were 
correlated in the two intermediate periods (p < 0.001). Therefore, we chose to use only 
maximum speed in the subsequent analyses. Maximum sprint speed did not vary 
significantly between treatments and was not affected by recent exposure to pesticides 
(Repeated Measures ANOVA Treatment x Exposure Timing: F2,20 = 0.09, p = 0.91; 
Treatment: F2,20 = 2.5, p = 0.11; Exposure Timing: F1,20 = 0.2, p = 0.65). Ctr lizards 
achieved slightly higher velocities (March 1.8 ± 0.53 cm/s; April 1.8 ± 0.98 cm/s, mean ± 
S.D.), followed by Herb+Ins (March 1.4 ± 0.42 cm/s; April 1.6 ± 0.45 cm/s, mean ± S.D.) 
and Herb (March 1.2 ± 0.43 cm/s; April 1.3 ± 0.39 cm/s, mean ± S.D.). These results are 
in accordance with those obtained for field exposed individuals, where we also could not 
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detect differences in locomotor performance between animals from pesticide-exposed and 
reference locations (Amaral et al. 2012). Locomotor performances have usually been 
studied in reptiles in relation with acetylcholinesterase inhibitors, such as the insecticide 
chlorpyrifos. During the time we performed the field survey there was no use of 
acetylcholinesterase inhibitors in the field populations. Furthermore, in the lab experiment 
after a chronic exposure to chlorpyrifos we also did not detect any differences. For fishes, 
a threshold of AChE inhibition below which it is possible to observe impairment of 
locomotor activity has been suggested (Tierney et al. 2007). 
In our previous field studies we demonstrated increased metabolic demand among 
individuals sampled from pesticide-treated fields. This was manifested as a marginally 
non-significant increased SMR (Amaral et al. in press).  In the present study, we did not 
find a similar trend.  At the end of the exposure period (5 months after the second 
pesticide application), lizards exposed to pesticides in mesocosm enclosures had similar 
SMR to control animals, when corrected for body mass (Figure 4, ANCOVA Treatment: 
F2,9 = 0.10, p = 0.90). These results might be masked by the lower replication and mixture 
of females and males. 
 
Figure 4 a) Mean ln-transformed oxygen consumption rates (µmoles/hour) for Podarcis bocagei 
lizards raised in Ctr, Herb and Herb+Ins mesocosms at the end of the exposure period plotted 
against ln-transformed body mass (g). All measures were taken from post-absorptive lizards at 
22 ºC. Encircled points represent females. b) Mean oxygen consumption rates for P. bocagei 
lizards raised in Ctr, Herb and Herb+Ins mesocosm in the end of the exposure period. Bars 
represent means + standard error (n = 3-6). 
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The results of the biochemical biomarkers are presented in Table 1. We measured 
some biomarkers of oxidative stress as sublethal endpoints following pesticide exposure. 
Glutathione S-transferase in the gut tissue varied significantly from Ctr in the pesticide 
treated mesocosms (ANOVA Treatment: F2,10 = 6.5, p = 0.02). No differences were found 
in GSTs activities in the other tissues. GSTs have an important role in contaminant 
clearing by conjugating contaminants or their metabolites with glutathione, creating a 
conjugate metabolite that can be readily excreted. Therefore, we would expect an 
increase of GST activity in both of our treatments rather than a decrease. The mean 
concentration of reduced glutathione in the intestine of Herb treatment individuals was 
significantly lower than in Ctr individuals (Dunnettʼs post hoc test: p < 0.01). No statistically 
significant differences were found in the reduced glutathione content of brain and liver or 
for oxidized glutathione in any of the tissues. We would expect that a reduction in the 
reduced glutathione concentration would be accompanied by an increase of the oxidized 
glutathione, which did not occur. Other parameters of oxidative stress such as GR activity 
and lipid peroxidation showed no significant variation between Ctr and the two pesticide 
treatments. Pesticides have been shown to enhance the production of reactive oxygen 
species and consequently the molecular and enzymatic mechanisms that counteract 
oxidative stress. Alterations in glutathiones and/or in the activity of glutathione-related 
antioxidative enzymes have been regarded as an indication of oxidative stress (Koivula 
and Eeva 2010; Costantini and Verhulst 2009). The fact that none of the other variables 
measured showed any variation in this study together with the results obtained in the field 
study seem to hamper their utility as biomarkers of contaminant exposure in reptiles. 
In a previous laboratory study, we found that lizards exposed to realistic oral doses 
of chlorpyrifos displayed reduced B-esterases activities (Amaral, unpublished data). There 
was no difference in cholinesterase activities in all tissues evaluated in animals from both 
treatment groups when compared with control individuals. Lizards from both Herb and 
Herb+Ins treatments presented lower intestinal CbE activity (4-NPV substrate) when 
compared to the control (Dunnettʼs post hoc test: p < 0.05). There were also differences 
with α-NA substrate in intestinal CbE and in liver CbE with both substrates, but these 
differences were not significant because of the large variability within treatment groups 
that can be related with the low number of individuals. CbE are implicated in pesticide 
detoxification pathways and have been shown to be more sensitive than ChEs in several 
laboratory and field studies (Wheelock et al. 2008). Sanchez-Hernandez et al. (2009) 
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described higher basal levels of CbE in the anterior intestine of Lumbricus terrestris 
earthworms compared to other tissues and hypothesized that alimentary canal could have 
an important role in pesticide detoxification reducing the uptake of pesticides. In laboratory 
experiment with chlorpyrifos, CbE also reacted more strongly than cholinesterases and 
were strongly inhibited in the gut (Amaral, unpublished data).  
Liver mass did not change between individuals exposed or not exposed to 
pesticides (ANCOVA Treatment: F2,9 = 1.2, p = 0.35). There was no statistically significant 
difference in the occurrence of histological changes in individuals exposed to Herb and 
Herb+Ins treatments when compared to Ctr (Fisher Exact Testʼs: p > 0.33). However, 
where those changes were evident, they were manifested as increased prevalence in the 
treated lizards. In general, individuals from Herb and Herb+Ins treatment groups 
presented higher accumulation of iron pigments, severe liver congestion and increased 
hepatocyte vacuolation and degeneration. These results, despite the lack of significant 
differences, suggest that pesticide exposed lizards are under stress and tend to be in 
agreement with what we observed in the field study (Amaral et al. in press). Animals from 
locations where pesticides were in use, also displayed increased hepatocyte degeneration 
and accumulation of iron pigments (Amaral et al. in press). Interestingly, and contrary to 
what was observed with field collected animals, hepatocyte vacuolation was more evident 
in animals from both pesticide treated groups. In the field study, increased hepatocyte 
vacuolation was related with an accumulation of lipids and glycogen (PAS positive) in 
reference animals (Amaral et al. in press). In the case of the mesocosm animals, there 
were three types of vacuoles, the PAS positive glycogen vacuoles, the perfectly round 
shaped lipid vacuoles and translucent vacuoles that failed to stain for fat or glycogen 
(Figure 4). Hepatocyte vacuolation is not characteristic of any particular disease and can 
be related with several disturbances, including toxicosis (Myers and McGavin 2007). 
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Table 1 Mean (± standard deviation) activity of glutathione-dependent antioxidant enzymes, glutathione concentrations and esterases in brain, intestine 
and liver of Podarcis bocagei from control (Ctr), herbicide treatment (Herb) and herbicide+insecticide treatment (Herb+Ins). !
Biomarkera 
Brain Intestine Liver 
Ctr Herb Herb+Ins Ctr Herb Herb+Ins Ctr Herb Herb+Ins 
GST (mU/mg protein) 18.3±1.9 19.5±8.0 35.0±22.6 68.5±2.8 37.9±8.0* 49.7±16.2* 778.4±274.5 359.7±160.8 436.9±285.5 
GR (mU/mg protein) - - - 4.4±1.5 6.0±2.4 3.6±1.4 20.9±10.1 13.3±9.5 13.3±5.1 
Reduced glutathione (nmol/mg protein) 20.3±2.3 23.0±5.5 39.5±31.2 2.4±0.3 1.7±0.3* 2.5±1.1 18.4±11.2 11.1±5.5 13.3±2.3 
Oxidized glutathione (nmol/mg protein) 5.6±0.9 5.8±2.1 10.3±7.8 2.3±0.5 1.6±0.02 2.5±1.1 11.8±5.5 7.4±2.4 7.5±4.0 
Lipid peroxidation  
(nmol TBARs/mg protein) 0.4±0.03 0.5±0.2 0.8±0.4 0.5±0.1 0.5±0.2 0.4± 0.2 1.5±0.6 0.8±0.3 1.1±0.2 
CbE α-Na 
(mU/mg protein) - - - 41.7±11.2 28.8±13.2 27.7±9.4 107.5±62.3 67.1±36.1 74.5±10.4 
CbE 4-NPV 
(U/mg protein) - - - 40.3±8.7 20.3±12.9* 22.5±7.3* 82.6±57.9 51.0±13.7 45.6±16.1 
AChE 
(mU/mg protein) 53.1±8.3 51.5±25.9 51.5±28.9 - - - - - - !
a GST – glutathione S-transferase, GR – glutathione reductase, TBARs - thiobarbituric acid reactive substances, CbE – Carboxylesterase, AChE – 
acetylcholinesterase. 
*Statistical difference between treated and control animals (Dunnettʼs post hoc test: p < 0.05). 
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Figure 4 Representative liver section of Podarcis bocagei lizard raised in Herb treatment 
mesocosm, stained with Periodic acid-Schiff - glycogen vacuoles (PAS positive) are circled; the 
black arrow indicates round shaped lipid vacuoles and the round black arrow other vacuoles. 
Conclusion 
To our knowledge, this is the first study published using a mesocosm approach to 
examine the effects of agricultural pesticides in a reptile. The approach shows great 
promise as a tool for validating field observations and to provide a bridge between highly 
controlled laboratory studies and ecological studies. In general, P. bocagei lizards 
exposed to pesticides in mesocosm enclosures for over one year showed similar 
responses as Ctr lizards. Animals thrived and reached adult size and the difference in 
growth rates can be attributed to an indirect effect of the applied herbicides on vegetation 
coverage. We could not detect any differences regarding locomotor performance, 
standard metabolic rates and most biochemical parameters excluding intestinal GST 
levels and intestinal and liver CbEs. We cannot exclude the possibility that females and 
males may have slightly different responses adding another confounding factor. Although, 
juvenile Podarcis are not sexually dimorphic until attaining sizes close to sexual maturity 
(Kaliontzopoulou et al. 2008). By the end of the experiment, most animals had reach adult 
size and because of the low replication we could not test the influence of sex on our 
variables. Also, many of the effects of pesticide exposure only appear for a short period 
after exposure and thus could have been long gone at the end of the experiment, 6 
months after the application of the pesticides. However, effects on liver histology might be 
expected to persist beyond the time of greatest exposure, and do seem to indicate 
metabolic stress as was observed in field exposed animals. 
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Our results are in general concordance with those obtained in our previous 
experiments with animals exposed in field conditions – lizards tend to show some 
individual symptoms of pesticide exposure, but in general seem able to compensate with 
current pesticide exposure. Surviving lizards remained active and healthy but poor survival 
needs to be accounted in future studies with lacertid lizards. Our mesocosm enclosures 
incorporated artificial underground refuges, which were expected to provide necessary 
insulation from the cold during the winter period, but it was not clear if animals used them 
during winter and it might be informative to monitor the temperatures inside these artificial 
refuges in future studies. However, greater replication is clearly necessary to compensate 
for mortally and also to compensate for the fact sex might influence biomarker results. 
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Biomarkers of exposure and effect in a lacertid lizard (Podarcis bocagei) 
exposed to chlorpyrifos 
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Abstract 
At the European level, reptiles have been recently included in environmental risk 
assessment processes for registration of plant protection products. However, data on 
toxicity effects of most compounds is lacking. Chlorpyrifos is the most commonly used 
organophosphorus insecticides worldwide. In this study, we exposed a lacertid lizard, 
Podarcis bocagei, to sublethal concentrations of chlorpyrifos. Individuals were exposed 
through spiked food for a period of 20 days (low dose: 0.12 mg/kg/d and high dose: 1.57 
mg/kg/d). After exposure, various biomarkers of exposure and effect were evaluated, 
including, the activities of glutathione S-transferase and enzymes involved in the 
glutathione redox cycle, glutathione concentrations, activities of esterases, liver and testes 
histopathologies, locomotory and predatory behavior. Our results indicate that sublethal 
chronic exposure to chlorpyrifos can affect P. bocagei in a dose dependent manner. 
Adverse effects occurred both at the sub-individual and individual level including inhibition 
of carboxylesterases and cholinesterases, occurrence of liver histopathological changes 
and altered predatory behaviors. Animals exposed to chlorpyrifos took more time to 
capture and subdue prey items. The results suggest a link between effects at sub-
individual levels of organization with those observed at whole individual level after 
exposure to environmentally realistic dosages of chlorpyrifos. 
Introduction 
Globally, chlorpyrifos (O,O-diethyl-O-3,5,6-trichloro-2-pyridyl-phosphorothioate) is 
one of the most commonly used organophosphorus (OP) insecticides in agricultural areas. 
Chlorpyrifos tops the list of the 10 most used insecticides in the EU, with an annual 
consumption of 1,226 tons of active substance (Eurostat, 2007). As a member of the OP 
family, chlorpyrifos inhibits the hydrolytic activity of cholinesterases (ChEs) (Casida, 
2009), and exposure to this pesticide is commonly evaluated by determination of inhibition 
of acetylcholinesterase (AChE, EC 3.1.1.7) in nervous tissue. Nevertheless, adverse 
effects of chlorpyrifos are not exclusively limited to neurotoxicity and it has also been 
shown to induce oxidative stress (Ojha et al., 2011), genotoxicity (Yin et al., 2009), to 
affect reproductive parameters (Joshi et al., 2007) and locomotor performance (Tierney et 
al., 2007) in different vertebrate groups. The effects of chlorpyrifos have been extensively 
studied in different non-target organisms in the aquatic environment (e.g. Giesy et al., 
1999; Widder and Bidwell, 2008) and, especially in laboratory bioassays using rats as an 
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animal model (e.g. Akhtar et al., 2009). However, the detrimental effects from chlorpyrifos 
exposure in terrestrial ecosystems are less well understood. 
Reptiles, like other terrestrial vertebrates, respond to organophosphorus pesticides 
through a demonstrable inhibition of both brain and plasma cholinesterase activities 
(Schmidt, 2003). Several studies have examined the toxic effects of OP insecticides in 
reptiles, measuring cholinesterase activities (e.g. Hall and Clark, 1982; Sanchez-
Hernandez, 2003) as well as other physiological and behavioral parameters (e.g. Özelmas 
and Akay, 1995; Bain et al., 2004). Reptiles have seldom been considered in 
environmental risk assessments (ERA) and toxicity data from surrogate species such as 
birds are commonly used to represent adverse effects in reptiles. These extrapolations 
assume that birds are equally or more sensitive to contaminants and that contaminant 
exposure is higher in birds, which are not always valid (Weir et al., 2010). Under the new 
EC Regulation No 1107/2009, concerning the placement of plant protection products 
(PPPs) on the EU market, reptiles would be considered as non-target organisms to be 
included in the ERA framework for PPP authorization. However, their inclusion is 
dependent on the availability of exposure and toxicity data, which are currently lacking. 
The mode of action of environmental contaminants is a contemporary focus of 
predictive ecotoxicology (Villeneuve and Garcia-Reyero, 2011). Conceptual frameworks, 
that try to link effects at the level of molecular or biochemical systems with adverse effects 
observed at whole individual level, are increasingly common in predictive ERAs (Ankley et 
al., 2010; Kramer et al., 2011). Available data from the scientific literature have enabled 
this mechanistic approach in regard to several classes of environmental contaminants, 
such as narcotic chemicals, estrogen receptor agonists (e.g., nonylphenol), aryl 
hydrocarbon receptor agonists (e.g., 2,3,7,8-TCDD, planar PCBs), or vitellogenesis 
disrupters (e.g., 17b-trenbolone, prochloraz) (Ankley et al., 2010). An exhaustive 
understanding of the mechanisms of toxic action in non-target organisms is therefore 
necessary to establish a relationship between the interaction of the pesticide at the target 
site and the subsequent adverse effects at the whole individual level. Such a link could be 
developed with anti-cholinesterase pesticides because of the great volume of information 
available on their mechanism of action, as well as on their potential adverse effects on the 
organism. 
The aim of this study was to examine the sublethal effects of chlorpyrifos at 
multiple levels of biological organization in the lizard Podarcis bocagei in an attempt to 
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establish a direct link between molecular events of chlorpyrifos toxicity and detrimental 
effects at whole individual level using a conceptual approach named “adverse outcome 
pathways” (Ankley et al., 2010; Kramer et al., 2011). In Mediterranean environments, 
reptiles constitute a large component of agricultural ecosystems (Carretero, 2004). 
Moreover, lacertid lizards have been recently proposed as potential model species for 
reptile ecotoxicology in Europe (Fossi et al., 1995). Podarcis spp., the common wall 
lizards, are ubiquitous through most of central and southern Europe and have been used 
in a variety of studies to assess exposure to different contaminans such as metals (Mann 
et al., 2007), pesticides (Cardone et al., 2008) and polyaromatic hydrocarbons (Marsili et 
al., 2009). 
Methods 
Animal maintenance 
Adult male P. bocagei were collected in the coastal dune system of Mindelo, Vila 
do Conde (north-western coast of Portugal) in April 2010. Animals were housed 
individually in glass terrariums (40 x 20 x 25 cm) in a climate control room (22 ± 1°C). 
Terraria contained a terracotta vase (! = 16 cm) that provided a refuge and a basking 
location, and a 25 W incandescent lamp that created a thermal gradient in the terrarium 
(25 – 35ºC; 8h/d). Lighting was provided by natural sunlight, fluorescent lighting (2 x 
40 W) and a high pressure sodium lamp (400 W, 7000 - 12 000 Lx) for 12 h/day. Water 
was provided in shallow dishes and renewed every 2 d. Animals were acclimatized for ten 
days before the start of the experiment and fed daily live mealworms (Tenebrio molitor). 
Pesticide exposure conditions and tissue preparation 
A total of 36 animals were randomly assigned to three experimental groups: 
control, low and high dose. Nominal concentrations of the treatment solutions were 96 
mg/L (low dose) and 960 mg/L (high dose). These chlorpyrifos concentrations were based 
on the application rate of the product in agricultural areas - 150/200 ml/hl and in a 
previous study that reported chlorpyrifos residue concentrations in mealworms (1 d – 0.53 
mg/kg; 5 d – 5 mg/kg and 10 d – 6.78 mg/kg (Brewer et al., 2003)). Solutions were 
prepared daily from a commercial stock solution of Ciclone® 48 EC (480 g/L chlorpyrifos, 
SAPEC AGRO), covered and agitated for 30 min before being administrated to 
mealworms using microliter syringes. 
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Lizards were fed every two days with two live mealworms (2 – 3 cm length), 
previously injected with 5 μL of the corresponding chlorpyrifos solution (low and high 
dose) or distilled water (control group) over a period of 20 days. At the end of the 
exposure period, six individuals of each treatment were weighed, anesthetized by cooling 
on ice, killed by decapitation and dissected. Animal handling complied with Portuguese 
animal ethics guidelines as stipulated by Direcção Geral de Veterinária and Instituto da 
Conservação da Natureza e Biodiversidade. Blood was collected, centrifuged (800 rpm for 
10 min at 4ºC) and plasma was frozen in liquid nitrogen. Liver and the left testis were 
weighed. Intestine, a portion of liver, brain and right testis were frozen in liquid nitrogen 
and stored at -80ºC. Tissue samples were thawed on ice and homogenized in 0.1 M Tris-
HCl, 0.25 M sucrose, 1 mM EDTA (pH=7.6) using a glass-Teflon Potter-Elvehjem 
homogenizer. Homogenates were centrifuged (10 000 g for 20 min at 4ºC). A 100-μL 
aliquot of the supernatant (post-mitochondrial fraction) was mixed with 100 μL of 10% 
trichloroacetic acid to remove proteins (centrifugation at 10 000 g, 5 min at 4ºC) and to be 
subsequently used for glutathione determination. The rest of the supernatant was 
immediately frozen at -80ºC until biochemical determinations. Total proteins were 
quantified by the Bradfordʼs method using bovine serum albumin (BSA) as a standard 
(Bradford, 1976). 
Left testis and 1/3 of the liver were fixed in Davidson´s solution for 24 h, and then 
washed and stored in 70% ethanol until histopathological analysis. Other tissue samples 
from each specimen were also taken for the assessment of other biomarkers. These 
included thyroid histology and histomorphometry, plasma levels of thyroid hormones and 
cortisol by radioimmunoassay. The data from these parallel studies will be reported 
elsewhere. 
The remaining six individuals of each treatment were subjected to a locomotor 
performance test, a predatory behavioral experiment and released at their collection site 
after a recovery period during which they were fed non-contaminated mealworms. 
Chlorpyrifos analyses 
A set of solutions prepared identically to the test solutions was sent for analyses of 
chlorpyrifos by liquid chromatography-tandem mass spectrometry (LCMS-MS) using the 
QuEChERS (Quick, Easy, Cheap, Effective, Rugged and Safe) method (Anastassiades et 
al., 2003). The real concentrations of these solutions were below the nominal values 
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anticipated and were 53.4 ± 34.3 mg/L (low dose) and 699.0 ± 129.1 mg/L (high dose). 
Because the solutions were an emulsion, the high variability was expected.  
In order to determine the mean dose received by each lizard, residues of 
chlorpyrifos in a sub-sample of mealworms injected with test solutions were also analyzed 
by the QuEChERS method (Anastassiades et al., 2003). Mealworms were weighed and 
homogenized (1:10, w/v) in 0.1 M sodium phosphate buffer (pH 7.4) using a glass-Teflon 
Potter-Elvehjem homogenizer. Afterwards, chlorpyrifos was extracted by mixing 1 g of 
homogenate with 1 ml of acetonitrile HPLC-grade. The mixture was energetically shaken 
by hand for 1 min. Next, 0.5 g NaCl was added and the mixture was shaken again for 30 
s. Samples were centrifuged at 3000 g for 5 min at 4ºC, and a 10-mL aliquot of the 
supernatant was injected in an Agilent® 1200 Series HPLC system which included a 
manual injector (7725i injection valve, 20-mL loop), a vacuum degasser, a quaternary 
pump and a multiple wavelength detector. The mobile phase consisted of H2O with 0.05% 
acetic acid (A) and acetonitrile with 0.05% acetic acid (B). Chlorpyrifos was separated in a 
LC-8 column (0.46 cm x 25 cm x 5 mm particle size) at a flow rate of 0.5 mL/min under the 
following solvent program: 65% B at 0 min, increase to 95% B at 7 min and keep for 3 
min, then 65% B at 5 min. The retention time of chlorpyrifos under these chromatographic 
conditions was 9.14 ± 0.024 min. Multiple wavelength detector was set up at 290 nm. 
Biochemical biomarkers 
Antioxidant enzymes were determined on brain, intestine, liver and testis. 
Glutathione S-transferase (GST, EC 2.5.1.18) activity was determined 
spectrophotometrically at 340 nm according to Habig et al. (1974). Specific activity was 
expressed as mU/mg protein using a millimolar extinction coefficient of 9.6 mM-1 cm-1. 
Glutathione reductase (GR, EC 1.6.4.2) activity was measured following the method 
described in Ramos-Martinez et al. (1983). The decrease in absorbance at 340 nm due to 
NADPH oxidation by reduced glutathione was measured for 1 min, and a millimolar 
extinction coefficient of -6.22 mM-1 cm-1 was used for the specific activity calculations. All 
kinetics were carried out at room temperature (20-22ºC) and blanks (reaction mixture free 
of sample) were periodically checked for non-enzymatic reaction and enzyme activity was 
then corrected. 
Concentrations of reduced glutathione and oxidized glutathione were 
fluorimetrically determined according to the method of Hissin and Hilf (1976). 
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Concentrations of reduced glutathione were determined by incubation of the deproteinized 
samples in the presence of 1 mg/ml ortho-phthalaldehyde (OPA) in Na-phosphate (0.1 M)-
EDTA (5 mM) buffer (pH 8.0). However, determination of the oxidized glutathione 
concentrations required a previous step with N-ethylmaleimide to prevent glutathione 
oxidation, and 1 N NaOH was used instead of the phosphate-EDTA buffer. In both 
methods, the reaction mixture was incubated for 15 min at 20-22ºC and the fluorescence 
was read at EM = 420 nm and EX = 350 nm. Quantification was performed using a set of 
external standards of reduced (3.27 to 327 nmol/ml) and oxidized (1.62 to 82 nmol/ml) 
glutathione, which were prepared in the same way as the samples. 
We also included lipid peroxidation as a measure of oxidative damage. The 
method described by Ohkawa et al. (1979) was used to estimate lipid peroxidation 
through the formation of thiobarbituric acid reactive substances (TBARs). Lipid 
peroxidation was expressed as nmol TBARs/mg protein using a millimolar extinction 
coefficient of 156 mM-1 cm-1. 
We measured the carboxylesterases (CbE) activity in the intestine, liver, plasma 
and testis using two substrates: α-naphthyl acetate (α-NA) and the 4-nitrophenyl valerate 
(4-NPV). Hydrolysis of α-NA was performed following the method by Gomori and 
Chessick (1953) as adapted by Bunyan et al. (1968), by which the formation of a-naphtol 
occurs in a reaction medium that contains 25 mM Tris-HCl (pH 7.6), 2 mM α-NA and the 
sample. The hydrolytic reaction is stopped after 10 min by addition of 2.5% (w/v) SDS and 
subsequently 0.1% Fast Red ITR in 2.5% Triton X-100. The solutions are allowed to stand 
for 30 min in the dark and the absorbance of the naphthol–Fast Red ITR complex was 
read at 530 nm (ε=33.225×103 M−1 cm−1). Hydrolysis of 4-NPV by CbE activity was 
measured according to the method developed by Carr and Chambers (1991). The 
reaction mixture contained 1 mM 4-NPV, 50 mM Tris–HCl (pH 7.5) and the sample. After 
15 min of reaction, it was stopped with a solution of 2% (w/v) SDS and 2% (w/v) Tris base. 
The 4-nitrophenolate liberated was read at 405 nm and quantified by a calibration curve 
(5–100 μM). Cholinesterase activity was determined using two substrates: 
acetylthiocholine iodide (AcSCh) and S-butyrylthiocholine iodide (BuSCh) as described by 
Ellman et al. (1961). Specific ChE activity was expressed as mU/mg of protein using a 
molar extinction coefficient of 14.15 x 103 M-1 cm-1. 
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Zymographic method 
Zymographs of carboxylesterases were carried out on non-denaturing 
polyacrylamide gel electrophoresis (native-PAGE) using a Bio-Rad Tetra Cell 
Electrophoresis Unit (Bio-Rad, USA). Samples (10uL) were load on 4% stacking and 
12.5% resolving 0.75 mm polyacrylamide gel and electrophoresed (25 mM Tris, 192 mM 
glycine as running buffer) at a constant voltage of 30 V for 30 min and then 150 V. Protein 
bands corresponding to CbEs were visualized by incubation of the gel with a staining 
solution containing 100 mM Na-phosphate buffer (pH=6.5), 0.5 mg/mL a-NA and 0.025 g 
of Fast Blue RR salt. The staining solution was prepared and filtered immediately before 
use. Gels were scanned and bands individualized in a Gel DocTM EZ Imager system (Bio-
Rad) and Image Lab software (version 3.0.1, Bio-Rad Laboratories). 
Histopathological analyses 
Fixed samples were embedded in paraffin and 2 µm sections cut on a rotary 
microtome (Leica RM 2035). Tissues were stained with Hematoxylin and Eosin (H&E) and 
examined under a light microscope (Olympus BX51) with an Olympus camera attached. 
Liver sections were also stained with Massonʼs trichrome to assess liver fibrosis; with 
Periodic acid-Schiff to check for lipid or sugar accumulation and with Perlsʼ Prussian Blue 
to verify iron pigmentation. One entire section per sample was scanned (at least 20 fields), 
and the incidence of histopathological changes was classified through a semi-quantitative 
scoring system: 0 – normal tissue, 1 - changes in less than 50% of the section, 2 - 
changes in more than 50% of the section.  
In each testis section, spermatogenesis development was assessed in 20 
impartially chosen seminiferous tubules. Several morphological parameters were 
measured using image analysis software (Image J, U.S.A. National Institutes of Health). 
Tubular diameter and, along this same axis, the width of the Sertoli cells layer and the 
width of each spermatogenesis phase (spermatogonia, spermatocytes I and II, 
spermatozoa) was recorded. 
Behavioral performance 
Locomotor performance was evaluated by measuring lizard maximum sprint speed 
on a horizontal cork substrate (2 × 0.1 m sprint track). Each lizard was fasted for 48 h 
before the start of the experiment, weighed, warmed to its optimal temperature - 33 ºC 
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(Amaral, unpublished data) and raced three times with at least a 1-h rest interval between 
trials. Lizards were hand-chased through the track and trials were recorded with a video 
camera (Sony®/DCR-HC46 – 25 fps). Following Holem et al. (Holem et al., 2008), mean 
maximum speed (MMS) was calculated as the average of the fastest 0.20-m interval in 
each of the three replicate sprints, and maximum speed (MS) as the fastest 0.20-m 
interval. Trials where lizards did not run continuously were repeated. 
Predatory behavior was assessed in fasted (96 h) individuals to stimulate prey 
attack. Each individual was placed in an empty glass terrarium (40 x 20 x 25 cm) at their 
optimal temperature 15 min before the start of the experiment for acclimation purposes. 
Test terraria were visually isolated. At commencement of the trial, a mealworm (1.5 cm 
mean length) was introduced. The behavior of each lizard was recorded with a camera 
(Sony®/DCR-HC46 – 25 fps) placed on top of the terrarium. The trial was terminated if the 
mealworm was not consumed within 15 min. Videos were analyzed with a video frame 
capture software (FrameShots®, EOF Productions), recording the time each individual 
took to attack the mealworm (Time of Latency to Attack – TLA) and the time they took to 
subdue and swallow the prey (Manipulation Time - Man). 
Statistical analyses 
The results obtained for each biomarker from the treatment groups were compared 
to the control using analyses of variance (ANOVA), analyses of co-variance (ANCOVA), 
multiple analyses of co-variance (MANCOVA) and/or repeated measures analysis of 
variance followed by a Dunnettʼs multiple comparison post-hoc tests. Treatment was the 
dependent variable, and SVL or body-mass were used as covariates to check significant 
interactions. When the assumptions for analysis of variance were not met (i.e. 
homogeneity of variance, normality), we used the non-parametric Kruskal-Wallis test to 
compare data. Behavioral data were ranked prior to the analyses. Differences in the 
presence of histological changes in liver between treatments were compared with the 
control using Pearsonʼs Chi-Square test. 
Results 
During the entire period of the experiment animals were exposed in each feeding 
day to 0.53 ± 0.3 μg and 69.9 ± 12.9 μg of chlorpyrifos per lizard in the low and high dose, 
respectively. This is equivalent to a medium chlorpyrifos exposure of 0.12 (0.05 - 0.17) 
mg/kg/d in the low and 1.57 (1.46 – 1.65) mg/kg/d in the high dose every other day during 
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a period of 20 days. The dosages in mealworms were within the expected values of 2.38 
μg of chlorpyrifos/g of mealworm in the low dose and 23.68 μg of chlorpyrifos/g of 
mealworm in the high dosage. No animals died or showed any visible symptoms of 
cholinergic poisoning during the exposure period.  
Biochemical biomarkers 
In general, exposure to chlorpyrifos did not cause any significant variation in the 
activity of the antioxidant enzymes (GST and GR), lipid peroxidation or glutathione 
concentrations (GSH and GSSG) in the different tissues examined (Table 1). The results 
differed on tissue basis, and in general, there was high individual variability. GST activity 
was highest in liver, followed by testes, intestine and brain. Whereas GR activity was 
more stable between treatments and had similar levels in intestine, liver and testis, and it 
was ten times lower in brain. Lipid peroxidation was higher in liver and intestine than in 
testis, and showed a slight increase with exposure in intestine and testis. The only 
significant difference we detected in the oxidative stress biomarkers was in GSH 
concentrations in brain after exposure to the low dose of chlorpyrifos (ANOVA treatment: 
F2,14 = 5.2, p = 0.02). Higher concentrations of GSH also occurred in intestine and there 
was a slight increase in GSH content in testes with chlorpyrifos exposure, but in all cases 
there was high individual variability and GSSG levels remained similar between 
treatments. In both brain and intestine the concentrations of GSH and GSSG were similar 
and the ratio of GSH/GSSG was close to one. Total glutathione content was higher in liver 
when compared with other tissues, whereas the ratio of GSH/GSSG was higher in testes.  
Carboxyesterase activity was recorded in all tissues and decreased in a dose 
dependent manner with exposure to chlorpyrifos (Figure 1 and Figure 2a). The esterase 
activity was tissue (intestine, liver, plasma, testis) and substrate (α-NA and 4-NPV) 
specific. Statistically significant differences in enzyme activities were detected in all 
tissues except testis. Significant differences in CbE activity using α-NA (Figure 1a) were 
detect in the two treatments groups when intestine (ANOVA treatment: F2,14 = 22.9, p < 
0.001) and liver (ANOVA treatment: F2,14 = 45.7, p < 0.001) were used as esterase 
sources. In serum (Figure 2a), CbE activity was inhibited in the lizards exposed to the 
higher dose (Kruskal-Wallis treatment: H2,17 = 11.1, p = 0.004). CbE activities with α-NA 
substrate were inhibited by 56%/85%, 50%/81% and 47%/51% (low dose/high dose) in 
intestine, liver and testis, respectively. In serum, a slight induction was found in the low 
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dose lizards, 112%, whereas an 86% inhibition was found at the high dose. The highest 
activity using α-NA was found in serum, followed by intestine. Similarly, CbE activity with 
the 4-NPV substrate (Figure 1b) was also significantly inhibited in both treatment groups 
in liver (ANOVA treatment: F2,14 = 12.6, p < 0.001). In intestine and serum (Figure 1b and 
Figure 2a), inhibition was only significant depressed in the high dose (intestine ANOVA 
treatment: F2,14 = 9.1, p = 0.003; serum Kruskal-Wallis treatment: H2,17 = 11.1, p = 0.004). 
CbE activities with 4-NPV substrate were inhibited by 55%/87%, 57%/80% and 34%/54% 
in intestine, liver and testis, respectively. The highest CbE activities with 4-NPV were 
found in plasma followed by liver. In general, CbE activities were twice higher with the 4-
NPV substrate. 
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Table 1 Glutathione S-tranferase (GST), glutathione reductase (GR) and glutathione peroxidase (CHP-GPx) activities; reduced glutathione (GSH), 
oxidized glutathione (GSSG) and total glutathione contents and ratio of GSH/GSSG in Podarcis bocagei after a 20 d chronic exposure to chlorpyrifos. 
Ctr (0 mg/L), Low dose (53.4 ± 34.3 mg/L) and High dose (699.0 ± 129.1 mg/L). All parameters are presented as means ± standard deviations. Bolded 
font with asterisks indicate data that are significantly different from controls following Dunnettʼs post-hoc results after ANOVA Kruskal-Wallis * p<0.05. 
Biomarker n GST (mU/mg protein) 
GR 
(mU/mg protein) 
GSH 
(ng/mg protein) 
GSSG 
(ng/mg protein) 
tGS 
(ng/mg protein) GSH/GSSG 
LPO 
(nmol TBARs/mg protein) 
Brain 
Ctr 6 31.5±3.2 5.0±0.8 17.3±3.5 23.0±13.3 40.2±16.1 1.1±0.8  
Low dose 5 78.9±86.8 5.4±1.5 22.0±12.7* 29.9±28.0 51.9±39.1 1.2±1.3  
High dose 6 44.7±14.5 4.84±2.4 18.3±4.8 15.0±12.8 33.2±15.6 1.9±1.4  
Intestine 
Ctr 6 374.2±137.0 77.8±18.1 18.8±6.6 21.5±7.9 40.2±10.1 1.0±0.5 111.6±34.5 
Low dose 6 268.4±130.8 78.2±35.5 23.4±15.1 23.2±5.3 46.7±16.4 1.0±0.6 126.4±64.3 
High dose 5 358.0±271.2 75.2±16.7 12.0±5.1 18.8±4.3 30.8±7.8 0.6±0.3 154.1±47.4 
Liver 
Ctr 6 1428.0±290.7 63.4±12.2 81.7±14.6 39.9±23.5 121.6±28.8 2.8±1.9 194.9±54.3 
Low dose 5 1748.7±553.3 83.3±49.0 61.3±40.2 39.8±14.0 101.1±35.5 1.8±1.4 257.2±142.3 
High dose 6 1277.0±396.7 61.6±7.2 64.8±27.6 26.8±5.3 91.6±25.2 2.6±1.2 181.6±37.5 
Testis 
Ctr 6 607.4±352.9 49.0±30.5 41.9±22.8 10.9±9.0 57.8±21.3 5.4±3.2 3.2±0.7 
Low dose 6 567.2±119.0 53.5±34.1 58.8±35.8 8.8±4.8 67.7±39.5 6.7±4.2 4.5±3.3 
High dose 6 546.6±137.6 53.5±29.4 66.6±34.5 10.3±4.7 76.9±34.7 7.3±4.6 4.8±1.3 
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We distinguished multiple CbE isoforms by native PAGE, which was tissue-
specific (Figure 1c). Liver had the higher abundance of CbE isoforms (9 protein bands). 
Furthermore, the relative mobility of most of the stained bands was similar among tissues, 
which suggests the occurrence of the same proteins displaying CbE activity in the 
selected tissues. The staining intensity of CbE bands decreased in the lizards exposed to 
chlorpyrifos irrespective of tissue. 
The use of two selective substrates allowed us to distinguish different 
cholinesterases in the analyzed tissues. There were marked variations on a tissue basis 
and ChE activity was significantly inhibited in the high dose group in all tissues (Figure 2b 
and Figure 3). In brain, ChE activity was slightly induced in the low dose – 123% of control 
activity and inhibited by 70% in the high dose (ANOVA treatment: F2,14 = 16.2, p < 0.001). 
Intestine ChE activity was induced by 149% and significantly inhibited by 82% in the low 
and high dose groups, respectively (ANOVA treatment: F2,13 = 48.2, p < 0.001). Similarly, 
serum ChE activity towards AcSCh was induced by 112% and significantly inhibited by 
82% in the low and high dosage (ANOVA treatment: F2,14 = 26.6, p < 0.001), respectively. 
However, hydrolysis of the substrate BuSCh by serum ChE activity, was significantly 
inhibited in both treatments, by 57% and 96%, respectively (ANOVA treatment: F2,13 = 
52.7, p < 0.001). 
 
Figure 2 Mean + standard error of esterase activity in serum in Podarcis bocagei exposed to 
sublethal concentrations of chlorpyrifos for a period of 20 days. Ctr (0 mg L-1), low dose (53.4 ± 
34.3 mg L-1) and high dose (699.0 ± 129.1 mg L-1). Esterase activity was measured using the 
substrates: a) α-naphthyl acetate (α-NA); 4-nitrophenyl acetate (4-NPV); and b) acetylthiocholine 
iodide (AcSCh) and S-butyrylthiocholine iodide (BuSCh). n = 6, except in low dose (n=5). Asterisks 
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indicate statistically significant results of Dunnettʼs post-hoc tests after ANOVA or post-hoc paired 
comparisons after Kruskal-Wallis * p<0.05, ** p<0.01, *** p<0.001. 
 
Figure 3 Mean + standard error of cholinesterase activity in brain and intestine in Podarcis bocagei 
exposed to sublethal concentrations of chlorpyrifos for a period of 20 days. Ctr (0 mg L-1), low dose 
(53.4 ± 34.3 mg L-1) and high dose (699.0 ± 129.1 mg L-1). ChE activity was measured in brain 
using the substrate acetylthiocholine iodide (AcSCh) and in intestine using S-butyrylthiocholine 
iodide (BuSCh). n = 6, except in Intestine-High Dose (n = 5). Asterisks represent significant 
differences following Dunnettʼs post-hoc tests *** p<0.001. 
Histopathological analyses 
Livers from control individuals were characterized by normal tissue with some 
signs of congestion (3 out of 6 individuals, Figure 4a). One of these individuals presented 
hepatocyte degeneration, vacuolation and fibrosis. Livers of individuals from both 
treatment groups always presented congestion and hepatocyte vacuolation. In general, 
lizards in the high dose group presented a higher prevalence of histological changes, 
including severe congestion, hepatocyte vacuolation and light fibrosis (Figure 4b,c). In the 
high dose treatment, the incidence of fibrosis, hepatocyte degeneration and vacuolation 
approaches significance when compared with the Ctr (Pearson Chi-square tests, d.f. = 2: 
Fibrosis !2 = 5.1, p = 0.08; Congestion !2 = 9.1, p = 0.01; Hepatocyte degeneration 
!2 = .4.4, p = 0.11; Pearson Chi-square tests, d.f. = 4: Hepatocyte vacuolization !2 = 6.6, 
p = 0.15). 
Testes histology presented no alterations/changes in their morphology, 
irrespective of exposure dose. In both control and treated groups normal testes with full 
spermatogenic activity were observed. Seminiferous tubule diameter was not different in 
any treatment group when compared to control animals (ANCOVA treatment: F2,14 = 0.04, 
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p = 0.96). Aditionally, no size differences were detected for the Sertoli cells layer (Kruskal-
Wallis treatment: H2,18 = 1.7, p = 0.42) or the layers of the different phases of 
spermatogenesis: spermatogonias (ANCOVA treatment F2,14 = 0.4, p = 0.70), 
spermatocytes I (ANCOVA treatment F2,14 = 0.05, p = 1.0), spermatocyte II (ANCOVA 
treatment F2,14 = 0.2, p = 0.84), spermatozoa (ANCOVA treatment F2,14 = 0.1, p = 0.90). 
 
Figure 4 Representative liver sections of Podarcis bocagei exposed to sublethal concentrations of 
chlorpyrifos for a period of 20 days. a) Liver section of a control animal representing a normal liver 
(H&E 400X). b) and c) examples of liver sections of individuals exposed to the high dose (699.0 ± 
129.1 mg L-1). b) Liver section with hepatocyte vacuolation (arrows) (H&E 400X). c) Liver section 
with congestion (arrow) (H&E 400X). 
Behavioral performance 
 
Figure 5 Predatory behavior, assessed by Time of Latency to Attack (TLA) and Manipulation time 
(Man) in Podarcis bocagei exposed to sublethal concentrations of chlorpyrifos for a period of 20 
days. Ctr (0 mg L-1), low dose (53.4 ± 34.3 mg L-1) and high dose (699.0 ± 129.1 mg L-1). Bars 
represent means + SE (n = 6, except for low dose n = 5). 
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Both Mean Maximum Speed (MMS) or Maximum Speed (MS) were not affected by 
exposure to chlorpyrifos (ANCOVA treatment MHS: F2,14 = 1.7, p = 0.22; ANCOVA 
treatment HS: F2,14 = 0.5, p = 0.64). In the predatory behavior experiment, only one of the 
18 lizards did not consume the prey item in the 15 min period. Considering Time of 
Latency to Attack (TLA), an outlier was removed from the data (value > mean ± 2SD) and 
no difference between exposures was found between treatments (ANCOVA treatment 
TLA: F2,12 = 1.5, p = 0.27). For Manipulation time (Man) our results were marginally non-
significant; animals exposed to chlorpyrifos took more time to manipulate the prey 
(ANCOVA treatment Man: F2,13 = 3.1, p = 0.08). Considering both variables together, 
lizards in the high dose treatment, took significantly more time to subdue and swallow the 
prey than lizards from the Ctr group (Fig. 5, MANCOVA treatment: Wilks F4,22 = 2.8, p = 
0.048). 
Discussion 
Reptiles inhabiting agroecosystems can be exposed to pesticides through the 
ingestion of contaminated food. However, detection of pesticide exposure in field 
situations is usually complex because there are always multiple and fluctuating biological 
and environmental variables impacting on pesticide uptake and masking effects. This 
limitation is compounded when the understanding of the biochemistry and physiology of 
the organism of interest (e.g., lizards) is restricted. Laboratory studies sacrifice ecological 
realism, but allow a higher degree of control over exposure parameters allowing the 
detection of sublethal effects. In the present study, our results indicate that sublethal 
chronic exposure to chlorpyrifos can affect P. bocagei in a dose dependent manner. 
Adverse effects of ecologically realistic chlorpyrifos doses occurred both at the sub-
individual and individual level including differences in esterases activities, liver 
histopathological changes and altered predatory behaviors. 
Glutathione-dependent enzymes, which are involved in cellular antioxidant defense 
have been studied in reptiles mainly to assess the response to overwintering and hypoxia 
conditions (reviewed in Mitchelmore et al., 2006). Nevertheless, they have the potential to 
limit the damage caused by reactive oxygen species generated during pesticide 
detoxification processes and have been used in several studies to assess pesticide 
exposure and effects (reviewed for fish in van der Oost et al., 2003). While, lipid 
peroxidation is used as a quantitative measurement of the extent of oxidative damage 
caused by contaminants. In our study, we found no signs of oxidative stress caused by 
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chlorpyrifos exposure. This is contrary to the results of a study in rats, for which a dose of 
6.75 mg/kg body weight for a period of 28 d resulted in a significant increase in serum lipid 
peroxidation and decreased significantly the activity of serum GST (Mansour and Mossa, 
2010). Another rat study also reported accumulation of malondaldehyde (MDA) in different 
tissues and a dose-dependent decrease in antioxidant enzymes after one day of exposure 
to 38.8 mg/kg body weight (Ojha et al., 2011). In both studies, rats were orally exposed to 
higher dosage of chlorpyrifos than the higher one in our study. 
Chlorpyrifos exposure resulted in the inhibition of carboxylesterases in all tissues 
analyzed in a dose dependent manner, except for serum CbE, which was strongly 
depressed at the higher dose of the OP. Inhibition of CbE activity has been used as a 
biomarker of OP exposure in different species and several authors have suggested they 
can have a protective role by binding stoichiometrically to OP pesticides, decreasing their 
concentration and toxicity (e.g. Wheelock et al., 2005; Sanchez-Hernandez and 
Wheelock, 2009). Thus, effects of pesticide exposure can be alleviated in different tissues 
by the levels of CbE activity, its sensitivity to chlorpyrifos inhibition and the presence of 
multiple isozymes (Wheelock et al., 2005). Animals exposed to the lower dose of 
chlorpyrifos showed a significant inhibition of CbE activity in liver and intestine, whereas 
this depression was not found in brain and intestine ChE activities (Fig. 1 and Fig. 3). 
Sanchez-Hernandez and Wheelock (Sanchez-Hernandez and Wheelock, 2009) 
suggested that intestinal CbEs could have an important role in OP detoxification, as one of 
the first surfaces of contact for feeding exposure. These results reinforce the need to 
study different tissues and substrates, as different isozymes seem to be involved in the 
hydrolysis of the different substrates in multiple tissues. The only tissue where no 
significant differences were found for CbE activity was the testis; although a general trend 
of activity depression with increased dose was observed. Several studies with mammals 
and other organisms have demonstrated that CbEs have an important role in reproduction 
by altering the metabolic routes of testosterone production (Joshi et al., 2007). 
Different studies have suggested also that CbE activity could be a more sensitive 
biomarker than cholinesterase activity in brain, the most commonly used biomarker of OP 
exposure (Wheelock et al., 2008). It is widely accepted that CbE activity provides a 
protective effect against OP exposure because of its higher sensitivity to inhibition by 
these agrochemicals compared to ChE activity (Wheelock et al., 2008 and other 
references. The protective role of CbEs was not clear in serum CbE activity but it was 
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apparent in both liver and intestine CbE activities. Liver CbEs were strongly inhibited after 
exposure to both doses of chlorpyrifos. Similarly, intestinal CbE activity was also 
depressed. However, we detected higher intestinal CbE activity in Ctr than in liver with the 
α-Na substrate. 
Cholinesterases, in particular AChE, have been intensively studied as biomarkers 
of pesticide exposure and effect, in particular for organophosphorus and carbamate 
pesticides. In reptile brains, AChE is expected to represent over 90% of total 
cholinesterases (Schmidt, 2003). The relationship between AChE inhibition and death has 
been intensively debated. Reductions of 50% to 80% in AChE activity have been related 
with mortality in different vertebrate species (for example in birds Ludke et al., 1975). In 
the present study, inhibition levels of 70% of brain ChE activity recorded in the group 
exposed to the high dose did not result in death of any individual. These levels of inhibition 
are similar to those described for the lizard Gallotia gallotia after acute exposure to 
parathion, where ChE inactivation levels of 84% and 70% were observed without mortality 
(Sanchez-Hernandez et al., 1997). 
Even if not lethal, chlorpyrifos can interfere with brain ChEs and the activity of the 
central nervous system, impairing essential behavioral functions, like predator-prey 
interactions (Hart, 1993). ChEs in other tissues, such as blood, have been suggested to 
have, like CbEs, a protective role over brain ChE, detoxifying OPs before they reach the 
brain (Wheelock et al., 2008). Different studies have further compared the levels of ChE in 
those tissues (mainly serum) and found them to be correlated with those of brain ChE 
(Sanchez-Hernandez et al., 1997). In the present study, this relationship could only be 
established with serum ChE (assessed with BuSCh substrate). In reptiles, 80% of the total 
ChE activity in serum is attributable to BChE activity (Sanchez-Hernandez, 2003; Bain et 
al., 2004). Serum ChE (BuSCh substrate) were inhibited in the low dose before any effect 
was observed in brain ChE. ChE in intestine and serum (AcSCh substrate) were not 
inhibited in the low dose. At the high dose, the ChEs were strongly inhibited in all tissues 
so any protective role would be lost. Sanchez-Hernandez et al. (Sanchez-Hernandez et 
al., 1997) obtained similar results to the findings presented here, which show an 
exponential decay of AChE activity when serum BChE reached 90% of inhibition. 
We detected a higher prevalence of liver histopathological changes in animals 
exposed to chlorpyrifos. These changes occurred mainly in the high dose group and 
included fibrosis, hepatocyte degeneration and vacuolation. Despite being statistically 
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non-significant, these differences might be indicative of metabolic stress. Studies in rats 
have demonstrated a link between exposure to chlorpyrifos and the appearance of similar 
lesions (Mansour and Mossa, 2010; Tripathi and Srivastav, 2010). Toxic effects of 
chlorpyrifos on testicular function have also been noted in rats (Joshi et al., 2007; Akhtar 
et al., 2009). Nevertheless, in the present study, no effects were noted. Normal testicular 
histology with all the successive stages of spermatogenesis was observed in the three 
groups. 
If exposure to pesticides results in behavioral alterations, growth, reproductive 
success or survival might be affected. Locomotor performance is probably the individual 
parameter that has been employed most in studies with reptiles exposed to insecticides. 
Nevertheless, these studies seem to indicate that this flight response is not a parameter 
sufficiently sensitive to address pesticide exposure (Holem et al., 2006; DuRant et al., 
2007). In the present study, the results similarly show this test to be an insensitive 
biomarker of chlorpyrifos exposure, with no difference between Ctr and treated animals. In 
contrast, predatory behaviors provide a more sensitive indicator of locomotor impairment 
because they involve multiple neuromuscular systems, rather than simply a 
sympathetically controlled, reflexive flight response. Bain et al. (Bain et al., 2004) 
observed that animals exposed to a high dose of fenitrothion tended to make more 
attempts to catch prey. The authors speculated that these could be related with decreased 
visual acuity, changes in muscle activity or decreased muscle coordination (Bain et al., 
2004 and references therein). We found that after exposure to chlorpyrifos, animals took 
more time to capture and swallow a prey item, despite prior habituation to the prey. 
Inhibition of cholinesterases, which was demonstrated in the same animals provides a 
mechanistic explanation. Inhibition of AChE causes accumulation of acetylcholine in 
synaptic junctions. The accumulation of acetylcholine can alter neuromuscular abilities 
and thus decrease the muscle coordination essential for the manipulation of prey. 
We can presume that animals will recover when the exposure terminates. 
However, if we take into consideration the slow rate of esterase recovery that has been 
reported for reptiles (Sanchez-Hernandez et al., 1997; Bain et al., 2004), these results can 
represent a higher exposure risk. Animals would be impaired not only during the exposure 
period, but also for a significant period afterwards. Insecticide application usually occurs 
during spring and autumn, the period when animals are acquiring energy for production, 
reproduction and to survive the winter. To fulfill energetic requirements, compromised 
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individuals would have to spend more time foraging to catch the same amount of prey. 
During foraging, lizards are potentially at a higher risk of predation. Thus we can speculate 
that if an animal compensates for deficiencies in predatory ability by foraging for longer 
periods, they are increasing their risk of predation. On the other hand, if they do not 
compensate, then reduced feeding rates will have implications for their energetic balance. 
Our exposure rates were under the LC50 values reported for several vertebrate 
species including birds (5 – 157 mg/kg bw) and mammals (151 – 1000 mg/kg bw) 
(Christensen et al., 2009). For amphibians, the reported doses are given as concentration 
in the aquatic medium and not easily comparable, ranging from 2.4 to 66.2 μg/L 
depending on the species (Christensen et al., 2009). Given the lack of data, it is difficult to 
compare toxicity of chlorpyrifos to reptiles and other terrestrial vertebrates and thus 
evaluate if birds can be used in ERAs as surrogate species. In the present study, we 
demonstrated that a chronic exposure to environmentally relevant doses of chlorpyrifos 
can inhibit esterases and impair predatory behaviors. Linking effects at the biochemical 
level with adverse effects observed at whole individual level that can ultimately affect 
populations. 
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General Discussion 
Reptiles are an important component of many ecosystems, and in Europe several 
species persist well in highly modified, anthropogenic habitats. In particular, agricultural 
ecosystems in southern Europe have become important areas for reptiles (Biaggini et al., 
2009). These agricultural areas are continuously treated with plant protection products 
(PPP), known generally as pesticides. The volume and interaction of the different products 
used can put reptile populations at risk. Reptiles have been recently included in the 
environmental risk assessment processes for the approval of plant protection products in 
European Union (EC 1107/2009). Their inclusion nevertheless is flawed, as they are to be 
included only if relevant data are available. However, as indicated repeatedly in the 
previous chapters, toxicity data for reptiles is lacking, and if this trend continues, reptiles 
will remain unrepresented in the environmental impact assessments processes of 
pesticides. This is rather shortsighted, as in agricultural areas in Southern Europe, lizards 
represent a major component of vertebrate fauna (Valverde, 1967). Lacertid lizards of the 
genus Podarcis, largely confined to Europe, are particularly suitable to be used as 
bioindicators has they are the most abundant lizard genus (Arnold and Ovenden, 2002). 
Furthermore, they present a set of characteristics that make them ideal model species: 
• are small sized and easy to maintain in captivity; 
• have small home-ranges (Galán, 1999); 
• are generalist predators and occupy intermediate positions in terrestrial 
food chains (Carretero, 2004). 
Our study constitutes probably the most comprehensive suite of population 
parameters and biomarker responses reported for any reptile species for the examination 
of effects of exposure to environmental contaminants. We used a tiered approach with 
three different exposure scenarios that brings opportunities and challenges for the 
investigation and interpretation of pesticide-effects on populations and/or individuals: 
• a field study; 
• an outdoor mesocosm exposure, and; 
• a controlled laboratory exposure. 
In the field study, we found that Podarcis bocagei populations were not affected by 
exposure to a cocktail of pesticides in corn agricultural fields, but individuals from exposed 
sites were less ecologically fit than those from reference locations. Therefore, in periods 
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when food is abundant, climatic conditions are optimal, and predatory pressures are un-
remarkable, the populations within the agricultural fields can be expected to remain viable. 
However, if animals are brought closer to their survival thresholds because of pesticide 
toxicity, they become more vulnerable to other biotic or abiotic factors and, ultimately, 
population can be at risk. In general, it was difficult to individualize the effects of pesticides 
from other biotic and abiotic local effects, natural variation and/or stochastic events. 
Several field studies have identified the problem of establishing a relationship between 
pesticide exposure and effects (reviewed in Bishop and Martinovic, 2000; Mitchelmore et 
al., 2006). In our study, greater sample size could have overcome inherent ecological and 
genetic variability and allow the detection of true physiological differences. Nevertheless, 
in field studies this is not easily achieved. These difficulties can be overcome by long-term 
studies of field populations that could tell us if something is happening to reptile 
populations in these areas. In fact, in Mediterranean agricultural ecosystems there is 
already a general sense of reptile declines but further studies are needed to comprove it. 
Mesocosms can be a valuable tool in reptile ecotoxicology, providing a bridge 
between field and laboratory studies, and it is surprising that this tool has not been 
exploited more often. To our knowledge, this was the first time that mesocosms were used 
as a tool to assess pesticide effects in a reptile species. Mesocosms reduce some of the 
natural variability existent in field studies, because it is possible to control several factors: 
• genetic variability can be controlled, as we can use lizards sourced from 
homogenous populations or laboratorial cultures; 
• exposure history can be controlled, as lizards can be raised from hatching 
under controlled conditions and with a known life history until the moment 
of exposure; 
• all abiotic (climate, geochemistry) and biotic (food abundance, predatory 
pressures) variables can be standardized. 
Our mesocosm results were hampered by the low n but appear to corroborate the 
results obtained in the field study. Lizards seem able to cope or compensate for our 
pesticide exposure. The two main issues in our mesocosm study were the poor survival 
and the maintenance of replicate conditions during the entire study in all enclosures. Poor 
survival can be overcome by greater replication. In our study we were using animals 
collected from the wild, we collected gravid females, which gave birth to the juveniles in 
the laboratory. Field collection of females was an extremely time-intensive exercise, which 
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resulted in fewer juveniles than we had originally intended. The low numbers at the start of 
the experiment were compounded by the unexpected high mortality (across all treatments) 
and the fact that it was not possible to select for one sex in preference to the other. If in 
the future Podarcis lizards are adopted as model species for reptile ecotoxicology in 
Europe, laboratory cultures of lizards can be maintained to obtain larger numbers of 
individuals. The other difficulty encountered during our mesocosm experiment was related 
with discrepancies in vegetation cover and possibly food abundance that occurred 
between enclosures (treatments) caused by the application of pesticides. These indirect 
effects of pesticide application are an important aspect of this kind of studies. It might be 
crucial to discriminate between direct and indirect effects of pesticide exposure, and these 
should be explored in future studies. Theoretically, it should be possible to control the 
indirect effects of pesticides on plant cover by reducing plant cover in a secondary control 
treatment. Indirect effects on food availability could be controlled through supplemental 
feeding regimes. Inclusion of these secondary treatments potentially increase the number 
of replicate enclosures and the numbers of replicate animals required for the study.  
The results of the mesocosm and field study can also be affected by the fact that 
sub-lethal effects of pesticide exposure only appear for a short period after exposure. 
Thus can have been long gone when the lizards were collected in the field or when the 
mesocosm experiment was terminated. Increased sampling over time would detect these 
temporal differences, but this would increase the labor, time and financial costs 
substantially. It is at this point that researchers need to turn back to the laboratory to 
perform controlled studies. 
In our laboratory study, we were able to demonstrate that environmentally realistic 
doses of chlorpyrifos affect Podarcis bocagei by interfering with esterases activities and 
predatory behaviors. Which could ultimately affect populations, if individuals are in 
energetic imbalance or needed to compensate for the decreased feeding ability by 
foraging for longer times. A common issue in laboratorial studies is the selection of test 
dosages. Many works test doses that are not usually available in nature, in order to get an 
effect. A major advantage of our study was the selection of two environmentally realistic 
dosages. A second problem with laboratory studies is the lack of environmental realism. 
One of the main issues is how lizards are exposed to pesticides. A common approach is 
through intraperitoneal injections (e.g. Sciarrillo et al., 2008). This is clearly very artificial 
and does not correspond to any of the known routes of pesticide exposure in reptiles. 
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Ingestion is probably the main route of pesticide exposure in reptiles and has been used 
in several works. Oral gavage, feeding directly into the stomach, has been also commonly 
used (e.g. Holem et al., 2008). It is obviously a more precise way of ensuing dietary 
exposure, but is seldom possible or necessary in small lacertids. Probably, the most 
realistic approach would through ingestion of contaminated food while incorporating the 
complexities of terrestrial food chains. This would guarantee that lizards would be 
exposed in a natural way, but also that the contaminant reaches the lizards in a form that 
is consistent with any metabolic transformations that occur within that food chain. 
However, several difficulties could arise. In the case of pesticides and predatory lizards it 
would be difficult to assess the dosage that the lizards are receiving. This dosage would 
be dependent on the dose the prey had consumed but also on the ability of the prey to 
biotransform and excrete the contaminant. An easier strategy would be spiking prey items 
with the pesticide. It does not allow the precision of oral gavage and is not as 
environmentally realistic as a terrestrial food chain, but is compromise between both. 
Different approaches can be taken to spike food. Our approach, which resulted quite well, 
was to inject the contaminant in the mealworms, keeping them alive to be consumed by 
the lizards. Of course, feeding them with a single prey type is a simplification of the 
feeding process, as lacertids consume different prey species, which are selected from the 
surrounding environment.  
The most important and distinct outcome of this study has been the realization that 
not all parameters or biomarkers provide the same insights into the toxicity of the 
pesticides applied. Ultimately, it is the combination of the different biomarker, even if not 
significant, that can give us an indication of exposure and effect. During the entire study 
we evaluated several parameters and biomarkers of pesticide exposure. Some of them 
had seldom or never been used in reptile ecotoxicology and were adapted from other 
vertebrate groups or reptile disciplines. 
Demographic characteristics of the populations were not reliable parameters of 
pesticide exposure. These characteristics fluctuate in natural populations and it is 
extremely difficult to differentiate between natural variations in population parameters, and 
population declines caused by contaminants. Likewise, morphological parameters like 
body size and fluctuating asymmetry were not good indicators of pesticide exposure. On 
the other hand, growth and body condition were useful parameters. To our knowledge, our 
study reports for the first time a decrease in body condition of lizards inhabiting in 
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agricultural areas routinely exposed to pesticides. Variation in both growth and body 
condition can have important consequences on an individualʼs fitness, and ultimately 
affect their survival capacity or ability to reproduce, thus influencing population structure 
and dynamics (Sibly and Hone, 2002). 
Of all the parameters and biomarkers studied in reptile ecotoxicology, individual 
level responses are probably the best studied (reviewed in Mitchelmore et al., 2006). 
These include behavioural responses like locomotor performance, predatory behaviours 
and physiological biomarkers such as metabolic rate. The majority of studies on locomotor 
performance, nonetheless, seem to indicate that it is probably a parameter not sufficiently 
sensitive to evaluate the consequences of pesticide exposure (Holem et al., 2006; DuRant 
et al., 2007; Holem et al., 2008). Our studies are in accordance with these results, as even 
in the laboratory exposures to chlorpyrifos we were unable to observe any differences 
between exposed and non-exposed animals. On the other hand, predatory behaviours 
were a far more sensitive biomarker. We determined that exposure to chlorpyrifos 
increased the time animals took to capture and swallow prey items in our laboratory 
experiment. Furthermore, in parallel studies not presented here, with animals from the 
other two exposure scenarios, we also found changes in those behaviors. These 
alterations may be directly, and simplistically, linked to the inhibition of cholinesterases in 
neuromuscular junctions, or alternatively linked to, a potential multitude of inter-related 
physiological factors. Measurement of standard metabolic rates also seems to be a 
potentially good biomarker. In our field study, animals from pesticide exposed sites had 
higher energetic requirements. Both alteration in predatory behaviors and energetic 
requirements may be the cause for the reduced body weights observed among field 
exposed lizards, which in turn can influence an individualʼs ability to survive and 
reproduce, and ultimately influence population dynamics and structure. 
At a sub-individual level, animals that had been or were exposed to pesticides in 
our work presented different histopathologies. Histopathologies in liver and testes have 
been related with pesticide exposure in several works (e.g. Cardone et al., 2008; Zidan, 
2009; Mansour and Mossa, 2010). Liver histopathologies were usually more prevalent in 
exposed individuals and can be an indication of hepatic stress and damage. This could 
have been caused by pesticide exposure or by other mechanisms like metabolic stress. 
Individuals exposed to pesticides usually presented with histological indications of 
increased storage of iron, higher levels of congestion, and hepatocyte degeneration. 
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Hepatocyte vacuolization also varied. In field animals the vacuoles seemed to be related 
with reduced feeding but in mesocosm individuals other factors seem to be more 
important. 
Several biochemical biomarkers were studied as potential biomarkers of pesticide 
exposure and effect.  Generally speaking, these fell into two categories – those that are 
biomarkers of oxidative stress, and those that were indicative of esterase inhibition.  
Biomarkers of oxidative stress included: 
• Phase II Glutathione S-Transferase; 
• Tissue concentrations and ratios of reduced and oxidized glutathione 
(GSH/GSSG); 
• Enzymes involved in GSH homeostasis – glutathione reductase (GR), 
glutathione peroxidase (GPx); 
• Lipid peroxidation. 
Biomarkers of esterase inhibition included: 
• Carboxylesterases; 
• Cholinesterases. 
Pesticides have been shown to enhance the production of reactive oxygen species 
and in turn induce oxidative stress responses in different tissues and taxa; the answers 
have been nevertheless mixed in most cases (e.g. Marcogliese et al., 2005; Kavitha and 
Rao, 2008; Abarikwu et al., 2010; Mansour and Mossa, 2010). In reptiles they have mainly 
been studied in relation to natural stressors related with hibernation and freezing 
tolerance. It seems from our results that these responses were not affected by pesticide 
exposure. Other natural factors might have stronger influence in their variation. It is clear 
that further research is required on the glutathione systems in reptiles to provide a basis 
for understanding data obtained from pesticide exposure data. 
 Esterases, on the other hand, were a valuable biomarker of chlorpyrifos exposure 
in reptiles, confirming the results that had been previously obtained for other reptile 
species and other esterase inhibitors. Our results further reinforced the need to study 
different enzymes, tissues and substrates, as different isozymes seem to be involved in 
the hydrolysis of the different substrates in different tissues. Furthermore, we confirmed 
the importance of intestine as a first organ of contact for feeding exposure and its role as 
a protective barrier for pesticide uptake. Our results also support the hypothesis that, in 
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contrast to the observations in some bird species (Ludke et al., 1975), high levels of brain 
ChE inhibition are not related with mortality. 
Probably one of the best assets of this study was the use of a multi-biomarker 
approach to evaluate the effects of pesticides on P. bocagei. We were able to interlink 
results at different levels of organization and it was clear that some parameters gave 
better indication of exposure and effect than others. The importance of this integrated 
approach is exacerbated in the field of reptile ecotoxicology, when many responses to 
pesticide exposure and toxicity have never been evaluated and is still difficult to ascertain 
which parameters or biomarkers will give best results. Hopefully this study will be a 
springboard in the field of reptile ecotoxicology.  
Lizard populations seem able to cope and compensate with certain levels of 
exposure. Which is probably one of the reasons why P. bocagei is one of the most 
widespread species in this region, surviving in the disturbed agricultural and peri-urban 
landscape while other species disappeared (Ribeiro, 2011). It should be noted that 
populations might have adapted to the levels of exposure. Nevertheless, ecotoxicological 
studies are only environmental relevant if the species/populations occupy these 
environments. Other reasons can explain the lack of answers in the field studies. For 
example, short generation times and high fecundity can allow for rapid adjustments to 
changes and quick recoveries from short-term reductions. Nonetheless, Podarcis bocagei 
can be considered a suitable bioindicator of pesticide exposure and toxicity. Moreover, the 
results obtained emphasize the need to include reptiles in environmental risk 
assessments, as they might be vulnerable to chemical contamination. However, despite 
the recent inclusion of reptiles in the ERA processes for the approval of PPPs, the reptile 
ecotoxicology knowledge-gap will remain while protocols and model species for this group 
are not defined. Testing of all the different PPPs or contaminants to all reptile species is 
undesirable from both an economic and an ethical perspective. Nonetheless, further 
studies are necessary in order to determine which parameters and biomarkers can be 
most adequate and applicable to reptile populations and how reptile populations are being 
affected by contaminants. 
Furthermore, reptiles in agricultural scenarios are not only at risk from chemical 
contamination. Other stressors can also affect reptile populations. Agriculture practices, 
for example, are always changing and these might impact the populations. Alterations in 
the farming system can cause reductions in field margins and structures or natural areas 
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that work has refuges for the species. The use of genetically modified crops and/or 
climate change impacts should also be considered. In the case of climate change two 
recent publications have called attention to the impacts on reptiles (Huey et al., 2009; 
Sinervo et al., 2010). Moreover, at least one study has shown that temperature affects 
toxicity of pesticides on reptiles (Talent, 2005). If reptiles are already vulnerable by 
exposure to environmental contaminants we can only speculate how these other factors 
will affect populations.  
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General Discussion 
Reptiles are an important component of many ecosystems, and in Europe several 
species persist well in highly modified, anthropogenic habitats. In particular, agricultural 
ecosystems in southern Europe have become important areas for reptiles (Biaggini et al., 
2009). These agricultural areas are continuously treated with plant protection products 
(PPP), known generally as pesticides. The volume and interaction of the different products 
used can put reptile populations at risk. Reptiles have been recently included in the 
environmental risk assessment processes for the approval of plant protection products in 
European Union (EC 1107/2009). Their inclusion nevertheless is flawed, as they are to be 
included only if relevant data are available. However, as indicated repeatedly in the 
previous chapters, toxicity data for reptiles is lacking, and if this trend continues, reptiles 
will remain unrepresented in the environmental impact assessments processes of 
pesticides. This is rather shortsighted, as in agricultural areas in Southern Europe, lizards 
represent a major component of vertebrate fauna (Valverde, 1967). Lacertid lizards of the 
genus Podarcis, largely confined to Europe, are particularly suitable to be used as 
bioindicators has they are the most abundant lizard genus (Arnold and Ovenden, 2002). 
Furthermore, they present a set of characteristics that make them ideal model species: 
• are small sized and easy to maintain in captivity; 
• have small home-ranges (Galán, 1999); 
• are generalist predators and occupy intermediate positions in terrestrial 
food chains (Carretero, 2004). 
Our study constitutes probably the most comprehensive suite of population 
parameters and biomarker responses reported for any reptile species for the examination 
of effects of exposure to environmental contaminants. We used a tiered approach with 
three different exposure scenarios that brings opportunities and challenges for the 
investigation and interpretation of pesticide-effects on populations and/or individuals: 
• a field study; 
• an outdoor mesocosm exposure, and; 
• a controlled laboratory exposure. 
In the field study, we found that Podarcis bocagei populations were not affected by 
exposure to a cocktail of pesticides in corn agricultural fields, but individuals from exposed 
sites were less ecologically fit than those from reference locations. Therefore, in periods 
  
160 
when food is abundant, climatic conditions are optimal, and predatory pressures are un-
remarkable, the populations within the agricultural fields can be expected to remain viable. 
However, if animals are brought closer to their survival thresholds because of pesticide 
toxicity, they become more vulnerable to other biotic or abiotic factors and, ultimately, 
population can be at risk. In general, it was difficult to individualize the effects of pesticides 
from other biotic and abiotic local effects, natural variation and/or stochastic events. 
Several field studies have identified the problem of establishing a relationship between 
pesticide exposure and effects (reviewed in Bishop and Martinovic, 2000; Mitchelmore et 
al., 2006). In our study, greater sample size could have overcome inherent ecological and 
genetic variability and allow the detection of true physiological differences. Nevertheless, 
in field studies this is not easily achieved. These difficulties can be overcome by long-term 
studies of field populations that could tell us if something is happening to reptile 
populations in these areas. In fact, in Mediterranean agricultural ecosystems there is 
already a general sense of reptile declines but further studies are needed to comprove it. 
Mesocosms can be a valuable tool in reptile ecotoxicology, providing a bridge 
between field and laboratory studies, and it is surprising that this tool has not been 
exploited more often. To our knowledge, this was the first time that mesocosms were used 
as a tool to assess pesticide effects in a reptile species. Mesocosms reduce some of the 
natural variability existent in field studies, because it is possible to control several factors: 
• genetic variability can be controlled, as we can use lizards sourced from 
homogenous populations or laboratorial cultures; 
• exposure history can be controlled, as lizards can be raised from hatching 
under controlled conditions and with a known life history until the moment 
of exposure; 
• all abiotic (climate, geochemistry) and biotic (food abundance, predatory 
pressures) variables can be standardized. 
Our mesocosm results were hampered by the low n but appear to corroborate the 
results obtained in the field study. Lizards seem able to cope or compensate for our 
pesticide exposure. The two main issues in our mesocosm study were the poor survival 
and the maintenance of replicate conditions during the entire study in all enclosures. Poor 
survival can be overcome by greater replication. In our study we were using animals 
collected from the wild, we collected gravid females, which gave birth to the juveniles in 
the laboratory. Field collection of females was an extremely time-intensive exercise, which 
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resulted in fewer juveniles than we had originally intended. The low numbers at the start of 
the experiment were compounded by the unexpected high mortality (across all treatments) 
and the fact that it was not possible to select for one sex in preference to the other. If in 
the future Podarcis lizards are adopted as model species for reptile ecotoxicology in 
Europe, laboratory cultures of lizards can be maintained to obtain larger numbers of 
individuals. The other difficulty encountered during our mesocosm experiment was related 
with discrepancies in vegetation cover and possibly food abundance that occurred 
between enclosures (treatments) caused by the application of pesticides. These indirect 
effects of pesticide application are an important aspect of this kind of studies. It might be 
crucial to discriminate between direct and indirect effects of pesticide exposure, and these 
should be explored in future studies. Theoretically, it should be possible to control the 
indirect effects of pesticides on plant cover by reducing plant cover in a secondary control 
treatment. Indirect effects on food availability could be controlled through supplemental 
feeding regimes. Inclusion of these secondary treatments potentially increase the number 
of replicate enclosures and the numbers of replicate animals required for the study.  
The results of the mesocosm and field study can also be affected by the fact that 
sub-lethal effects of pesticide exposure only appear for a short period after exposure. 
Thus can have been long gone when the lizards were collected in the field or when the 
mesocosm experiment was terminated. Increased sampling over time would detect these 
temporal differences, but this would increase the labor, time and financial costs 
substantially. It is at this point that researchers need to turn back to the laboratory to 
perform controlled studies. 
In our laboratory study, we were able to demonstrate that environmentally realistic 
doses of chlorpyrifos affect Podarcis bocagei by interfering with esterases activities and 
predatory behaviors. Which could ultimately affect populations, if individuals are in 
energetic imbalance or needed to compensate for the decreased feeding ability by 
foraging for longer times. A common issue in laboratorial studies is the selection of test 
dosages. Many works test doses that are not usually available in nature, in order to get an 
effect. A major advantage of our study was the selection of two environmentally realistic 
dosages. A second problem with laboratory studies is the lack of environmental realism. 
One of the main issues is how lizards are exposed to pesticides. A common approach is 
through intraperitoneal injections (e.g. Sciarrillo et al., 2008). This is clearly very artificial 
and does not correspond to any of the known routes of pesticide exposure in reptiles. 
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Ingestion is probably the main route of pesticide exposure in reptiles and has been used 
in several works. Oral gavage, feeding directly into the stomach, has been also commonly 
used (e.g. Holem et al., 2008). It is obviously a more precise way of ensuing dietary 
exposure, but is seldom possible or necessary in small lacertids. Probably, the most 
realistic approach would through ingestion of contaminated food while incorporating the 
complexities of terrestrial food chains. This would guarantee that lizards would be 
exposed in a natural way, but also that the contaminant reaches the lizards in a form that 
is consistent with any metabolic transformations that occur within that food chain. 
However, several difficulties could arise. In the case of pesticides and predatory lizards it 
would be difficult to assess the dosage that the lizards are receiving. This dosage would 
be dependent on the dose the prey had consumed but also on the ability of the prey to 
biotransform and excrete the contaminant. An easier strategy would be spiking prey items 
with the pesticide. It does not allow the precision of oral gavage and is not as 
environmentally realistic as a terrestrial food chain, but is compromise between both. 
Different approaches can be taken to spike food. Our approach, which resulted quite well, 
was to inject the contaminant in the mealworms, keeping them alive to be consumed by 
the lizards. Of course, feeding them with a single prey type is a simplification of the 
feeding process, as lacertids consume different prey species, which are selected from the 
surrounding environment.  
The most important and distinct outcome of this study has been the realization that 
not all parameters or biomarkers provide the same insights into the toxicity of the 
pesticides applied. Ultimately, it is the combination of the different biomarker, even if not 
significant, that can give us an indication of exposure and effect. During the entire study 
we evaluated several parameters and biomarkers of pesticide exposure. Some of them 
had seldom or never been used in reptile ecotoxicology and were adapted from other 
vertebrate groups or reptile disciplines. 
Demographic characteristics of the populations were not reliable parameters of 
pesticide exposure. These characteristics fluctuate in natural populations and it is 
extremely difficult to differentiate between natural variations in population parameters, and 
population declines caused by contaminants. Likewise, morphological parameters like 
body size and fluctuating asymmetry were not good indicators of pesticide exposure. On 
the other hand, growth and body condition were useful parameters. To our knowledge, our 
study reports for the first time a decrease in body condition of lizards inhabiting in 
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agricultural areas routinely exposed to pesticides. Variation in both growth and body 
condition can have important consequences on an individualʼs fitness, and ultimately 
affect their survival capacity or ability to reproduce, thus influencing population structure 
and dynamics (Sibly and Hone, 2002). 
Of all the parameters and biomarkers studied in reptile ecotoxicology, individual 
level responses are probably the best studied (reviewed in Mitchelmore et al., 2006). 
These include behavioural responses like locomotor performance, predatory behaviours 
and physiological biomarkers such as metabolic rate. The majority of studies on locomotor 
performance, nonetheless, seem to indicate that it is probably a parameter not sufficiently 
sensitive to evaluate the consequences of pesticide exposure (Holem et al., 2006; DuRant 
et al., 2007; Holem et al., 2008). Our studies are in accordance with these results, as even 
in the laboratory exposures to chlorpyrifos we were unable to observe any differences 
between exposed and non-exposed animals. On the other hand, predatory behaviours 
were a far more sensitive biomarker. We determined that exposure to chlorpyrifos 
increased the time animals took to capture and swallow prey items in our laboratory 
experiment. Furthermore, in parallel studies not presented here, with animals from the 
other two exposure scenarios, we also found changes in those behaviors. These 
alterations may be directly, and simplistically, linked to the inhibition of cholinesterases in 
neuromuscular junctions, or alternatively linked to, a potential multitude of inter-related 
physiological factors. Measurement of standard metabolic rates also seems to be a 
potentially good biomarker. In our field study, animals from pesticide exposed sites had 
higher energetic requirements. Both alteration in predatory behaviors and energetic 
requirements may be the cause for the reduced body weights observed among field 
exposed lizards, which in turn can influence an individualʼs ability to survive and 
reproduce, and ultimately influence population dynamics and structure. 
At a sub-individual level, animals that had been or were exposed to pesticides in 
our work presented different histopathologies. Histopathologies in liver and testes have 
been related with pesticide exposure in several works (e.g. Cardone et al., 2008; Zidan, 
2009; Mansour and Mossa, 2010). Liver histopathologies were usually more prevalent in 
exposed individuals and can be an indication of hepatic stress and damage. This could 
have been caused by pesticide exposure or by other mechanisms like metabolic stress. 
Individuals exposed to pesticides usually presented with histological indications of 
increased storage of iron, higher levels of congestion, and hepatocyte degeneration. 
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Hepatocyte vacuolization also varied. In field animals the vacuoles seemed to be related 
with reduced feeding but in mesocosm individuals other factors seem to be more 
important. 
Several biochemical biomarkers were studied as potential biomarkers of pesticide 
exposure and effect.  Generally speaking, these fell into two categories – those that are 
biomarkers of oxidative stress, and those that were indicative of esterase inhibition.  
Biomarkers of oxidative stress included: 
• Phase II Glutathione S-Transferase; 
• Tissue concentrations and ratios of reduced and oxidized glutathione 
(GSH/GSSG); 
• Enzymes involved in GSH homeostasis – glutathione reductase (GR), 
glutathione peroxidase (GPx); 
• Lipid peroxidation. 
Biomarkers of esterase inhibition included: 
• Carboxylesterases; 
• Cholinesterases. 
Pesticides have been shown to enhance the production of reactive oxygen species 
and in turn induce oxidative stress responses in different tissues and taxa; the answers 
have been nevertheless mixed in most cases (e.g. Marcogliese et al., 2005; Kavitha and 
Rao, 2008; Abarikwu et al., 2010; Mansour and Mossa, 2010). In reptiles they have mainly 
been studied in relation to natural stressors related with hibernation and freezing 
tolerance. It seems from our results that these responses were not affected by pesticide 
exposure. Other natural factors might have stronger influence in their variation. It is clear 
that further research is required on the glutathione systems in reptiles to provide a basis 
for understanding data obtained from pesticide exposure data. 
 Esterases, on the other hand, were a valuable biomarker of chlorpyrifos exposure 
in reptiles, confirming the results that had been previously obtained for other reptile 
species and other esterase inhibitors. Our results further reinforced the need to study 
different enzymes, tissues and substrates, as different isozymes seem to be involved in 
the hydrolysis of the different substrates in different tissues. Furthermore, we confirmed 
the importance of intestine as a first organ of contact for feeding exposure and its role as 
a protective barrier for pesticide uptake. Our results also support the hypothesis that, in 
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contrast to the observations in some bird species (Ludke et al., 1975), high levels of brain 
ChE inhibition are not related with mortality. 
Probably one of the best assets of this study was the use of a multi-biomarker 
approach to evaluate the effects of pesticides on P. bocagei. We were able to interlink 
results at different levels of organization and it was clear that some parameters gave 
better indication of exposure and effect than others. The importance of this integrated 
approach is exacerbated in the field of reptile ecotoxicology, when many responses to 
pesticide exposure and toxicity have never been evaluated and is still difficult to ascertain 
which parameters or biomarkers will give best results. Hopefully this study will be a 
springboard in the field of reptile ecotoxicology.  
Lizard populations seem able to cope and compensate with certain levels of 
exposure. Which is probably one of the reasons why P. bocagei is one of the most 
widespread species in this region, surviving in the disturbed agricultural and peri-urban 
landscape while other species disappeared (Ribeiro, 2011). It should be noted that 
populations might have adapted to the levels of exposure. Nevertheless, ecotoxicological 
studies are only environmental relevant if the species/populations occupy these 
environments. Other reasons can explain the lack of answers in the field studies. For 
example, short generation times and high fecundity can allow for rapid adjustments to 
changes and quick recoveries from short-term reductions. Nonetheless, Podarcis bocagei 
can be considered a suitable bioindicator of pesticide exposure and toxicity. Moreover, the 
results obtained emphasize the need to include reptiles in environmental risk 
assessments, as they might be vulnerable to chemical contamination. However, despite 
the recent inclusion of reptiles in the ERA processes for the approval of PPPs, the reptile 
ecotoxicology knowledge-gap will remain while protocols and model species for this group 
are not defined. Testing of all the different PPPs or contaminants to all reptile species is 
undesirable from both an economic and an ethical perspective. Nonetheless, further 
studies are necessary in order to determine which parameters and biomarkers can be 
most adequate and applicable to reptile populations and how reptile populations are being 
affected by contaminants. 
Furthermore, reptiles in agricultural scenarios are not only at risk from chemical 
contamination. Other stressors can also affect reptile populations. Agriculture practices, 
for example, are always changing and these might impact the populations. Alterations in 
the farming system can cause reductions in field margins and structures or natural areas 
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that work has refuges for the species. The use of genetically modified crops and/or 
climate change impacts should also be considered. In the case of climate change two 
recent publications have called attention to the impacts on reptiles (Huey et al., 2009; 
Sinervo et al., 2010). Moreover, at least one study has shown that temperature affects 
toxicity of pesticides on reptiles (Talent, 2005). If reptiles are already vulnerable by 
exposure to environmental contaminants we can only speculate how these other factors 
will affect populations.  
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